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Abstract
The intensification of agricultural and urban activities has been accompanied by increased fluxes of
nutrients to inland and coastal waters, leading to concerns of eutrophication and drinking water
contamination. Certain areas in the landscape can intercept, remove or retain nutrients and other
contaminants at much higher rates than the overall landscape. While there has been extensive work
documenting the extremely dynamic behaviour of these reactive interfaces, watershed-scale models
are unable to explicitly capture the spatiotemporal heterogeneity of reactive interfaces. In this thesis, I
developed methodologies to explicitly represent different reactive interfaces across the upland-stream
continuum using a combination of data synthesis and deterministic modelling.
In Chapter 2, I quantify the role of wetlands in retaining nitrogen (N) at the watershed across the US
at the annual time scale. Here, I combined spatially explicit datasets of nitrogen surplus and wetland
location to demonstrate that current N removal by US wetlands is limited by a spatial disconnect
between high-density wetland areas and N hotspots. Simulations of wetland restoration scenarios also
showed that spatially targeting areas of high N surplus can greatly increase N retention compared to
current practices.
I further explore the behaviour of wetland N retention with a focus on sub-annual temporal dynamics
in Chapter 3. Using a reduced complexity model with thirty years of remotely sensed wetland
inundation levels across eight wetlandscapes in the US, I show that the consideration of transient
hydrologic dynamics can increase N retention estimates compared to steady-state models. This effect
was more apparent in smaller, isolated wetlands, where the limited outflows of water limited the loss
of N and increased the time for denitrification in the wetland.
Next, I explore another common reactive interface found in agroecosystems: the hyporheic zone
(HZ). While the HZ is often considered a sink for agricultural contaminants such as nitrogen, its role
in modulating other contaminants is less clear. In Chapter 4, I developed a mechanistic HZ model to
quantify the fate and transport of estrogen, an emerging contaminant in agroecosystems. Using the
model, I show that the HZ actually functions as a source and increases the temporal persistence of
estrogens in the stream network.
Finally, I developed a coupled CN biogeochemical model to a humid water balance model to further
our understanding of water fluctuations on nitrogen fluxes in Chapter 5. While the water table is
commonly ignored in CN modeling, I show that consideration of water table fluctuations modify the
CN export by modulating the redox conditions and altering the transport mechanisms and should not
be ignored.
My results show that reactive interfaces have complex spatiotemporal behaviours driven by the
interactions between the hydrological and biogeochemical processes. Through the use of data
synthesis and deterministic modelling, I quantify various environmental factors that contribute to the
functionality of reactive interfaces and developed methodologies that can help decision makers
predict and mitigate the contaminant fluxes from agroecosystems to protect our water resources.
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Chapter 1
Introduction
In the last century, intensification of agricultural activities to support growing global populations has
come at a significant environmental cost (Anderson et al., 2002). Globally, loading of agricultural
contaminants such as nutrients and emerging contaminants into the environment has been greatly
accelerated with increased commercial fertilizer use and large-scale livestock operations (Gruber &
Galloway, 2008), with growing evidence that these along with other perturbations are exceeding the
planet’s capacity to maintain human and ecosystem health (Steffen et al., 2015). For example, excess
nutrients from agricultural fields have been linked to increasing occurrences of eutrophication,
harmful algal blooms and the development of large hypoxic zones in inland and coastal waters
(Rabalais et al., 2010; Smith, 2003). To combat eutrophication, numerous plans to have been
developed to mitigate nitrogen and phosphorus loads for water bodies worldwide, including Lake Erie
in Canada, the Gulf of Mexico in the USA, the Mediterranean and Baltic Seas in Europe, and the East
China Sea (Selman & Greenhalgh, 2009). Although there have been successes in controlling point
sources of contaminants (e.g. urban wastewater treatment plants), non-point source pollution especially that from agricultural lands - continues to pose a significant challenge (Carey &
Migliaccio, 2009; Schoumans et al., 2014). Thus, there remains a critical need to better understand
the transport and retention of agricultural contaminants across the landscape to better develop
management solutions to reduce these fluxes from agroecosystems.
Biogeochemical processes within the landscape can naturally retain and transform agricultural nonpoint source pollution and thus have the capacity to protect downstream waters. It is increasingly
1

recognized that certain features in the landscape are more effective at processing contaminants due to
significantly greater biogeochemical rates than their surroundings (McClain et al., 2003; Mitsch et al.,
2005; Seitzinger et al., 2006). Such high reactivity zones often occur at the interface between two
landscape elements – for example, the water table between the saturated and unsaturated zones in the
subsurface (Holden & Fierer, 2005), the riparian zone between a stream and its upland (Mayer et al.,
2007), and the hyporheic zone between the stream and its sediment (Harvey et al., 2013; Zarnetske et
al., 2012). These reactive interfaces in the landscape are characterized by steep gradients in chemical,
physical and biological properties and enhanced biogeochemical activity (Figure 1.1). McClain et al.
(2003) referred to RIs as spatially localized ‘hotspots’ that are effective at removing contaminants due
to the confluence of relatively high levels of contaminant input, and the appropriate environmental
conditions (e.g. redox levels, temperature, substrate availability) for biogeochemical reactions.
In agroecosystems, many best management practices are implemented to create or enhance reactive
interfaces that will attenuate the export of agricultural contaminants to the environment – for
example, constructed wetlands or vegetated buffer strips facilitate nitrate uptake and denitrification
(Jordan et al., 2011; Verhoeven et al., 2006), and drainage ditches enhance P sedimentation and
sorption (Macrae et al., 2003; Smith & Huang, 2010). While these management strategies are
becoming more prevalent, there remains a need to better understand the biogeochemical functioning
of these reactive interfaces under transient climatic and management conditions. Additionally, it is
important to recognize that reactive interfaces do not stand alone in the environment, but are part of a
larger reactive transport network in the landscape. However, our understanding of this larger
integrated system is limited, and there is a strong need to both characterize and quantify the impact of
cascades of reactive interfaces across the field-stream continuum. Such enhanced science-based
understanding is critical to better predict the behaviour of RIs and thus to guide the development and
implementation of BMPs on a wider scale. In this thesis, my goal is to advance the quantitative
understanding of coupled biogeochemical processes mediated by RIs in agroecosystems using
parsimonious models.

2

Figure 1.1.1 Reactive interfaces in agroecosystems: From pore scale (a) to the reactive interface
scale (b) and the watershed scale (c).

1.1

Research Needs

1.1.1

Reactive Interfaces in Agroecosystems

Previous research on RIs has primarily focused on field-scale hotspot identification by quantifying
reaction rates at discrete points in time (Bernhardt et al., 2017). What is often missed in these studies
is that hotspots can exhibit a range of behaviour or even contrasting responses through time as a
function of changing environmental conditions (Krause et al., 2017). For example, sediments in
wetlands can act as a sink of phosphorus during high-flow conditions, but as a source during low-flow
conditions (Dupas et al., 2015; Nair et al., 2015). In the riparian zone, CO2 production may increase
when the soil is wetted if soil was initially very dry (Harms & Grimm, 2012); however, if the soil is
wet at the start, increases in saturation can suppress the activity of aerobic bacteria and lower the CO2
flux (Vidon, 2017). To address this issue, Bernhardt et al. (2017) argued that these landscape features
should be conceptualized as “control points” that have variable biogeochemical rates and can even
switch between nutrient sources and sinks as a function of various system thresholds. While fieldscale studies have established the fluctuating behaviour of RIs, most watershed models that
incorporate the effects of RIs like riparian buffers and wetlands still consider them ubiquitously as
sinks (Krause et al., 2017).
Also lacking from the literature is an understanding of the spatial arrangement of these hotspots that
would enable scaling from the individual RI to the ecosystem scale. Bernhardt et al. (2017) proposed
that modelling or statistical approaches that use the process understanding gained from decades of
3

hotspot research and enable scientists to scale up the aggregated functioning of RIs to the ecosystem
scale is required. My research aims to address this need by developing a deterministic modelling
framework that attempts to integrate the spatiotemporal patterns of RI biogeochemical functioning at
the catchment scale.
The focus of this thesis will be on three major RIs: 1) the water table, where nutrient and carbon rich
water from the oxic unsaturated zone meets the anoxic saturated groundwater in the subsurface, 2)
wetlands, saturated areas in the landscape that act as an interface between groundwater and surface
water pathways that are large stores of organic carbon and receptors of nutrients, and 3) the hyporheic
zone, where sediment-groundwater-surface water interactions occur in the stream. These RIs are
zones of extremely dynamic hydrological fluctuations and sharp gradients of redox and chemical
concentrations that enhance biogeochemical processes both spatially and temporally. The three RIs
chosen for this thesis are commonly found in agroecosystems and span the upland-stream continuum.
1.1.2

Reactive Transport Modelling of Nutrients in Watersheds

Current watershed-scale models that quantify nutrient dynamics lack the ability to explicitly represent
reactive interfaces (Krause et al., 2017). A recent meta-analysis found that commonly used watershed
nutrient export models (e.g. SWAT, INCA, etc.) typically discretize the landscape into representative
areas such as a hydrologic response units (HRU) (Wellen et al., 2015). While often sufficient for the
purposes of modelling streamflow, this aggregation of landscape characteristics into effective
parameters over wide spatial scales prevents the model from capturing the heterogeneity and hotspot
behaviour of reactive interfaces (Bracmort et al., 2006). First, all RIs within the HRUs (riparian
buffers, wetlands, etc.) are often treated as temporally static units with annual percent removal rates
that are also spatially unvarying. In addition, the representation of BMPs is typically based on
empirical nutrient retention rates estimated from field studies, and scenario analyses provide estimates
of the watershed scale effectiveness of BMPs (Alexander et al., 2002; Wade et al., 2002; Wagena et
al., 2017). The lack of a process-based understanding of nutrient removal in these models make it
difficult to differentiate the behaviour of different sub-groups of RIs (e.g. upland soil vs riparian soil,
large wetland vs small wetland etc.). Thus, explicitly representing the cascade of RIs along the upland
to stream continuum in watershed models can improve confidence in watershed scale predictions of
BMP effectiveness.
4

The need to more explicitly incorporate the complexities of RI behaviour into catchment-scale models
is now increasingly being recognized by many researchers (Krause et al. 2017). It has been argued
that one of the main reasons RIs are not explicitly represented in catchment biogeochemical models is
because of the difficulty in integrating processes across ecosystem boundaries (such as between
wetlands and their upland areas, or between groundwater and streams). In a recent review of river
representation in watershed models, Helton et al. (2011) showed that many current modelling
approaches of river biogeochemistry lack the transient but critical connections to the underlying
hyporheic zone, the surrounding riparian zones, or floodplains in watershed models. The other
complexity in effectively integrating RIs into watershed models arises from the temporal dynamics of
reactive interfaces that lead to their behaviour changing over time (from sources, to mere transporters,
to sinks) as a function of hydrologic and other controls. For example, Wollheim et al. (2017) have
shown that infrequent, but intense, flood events can cause significant amounts of organic carbon to be
‘shunted’ through the river network, thus bypassing nutrient removal processes in the hyporheic zone.
A few studies have, however, have tried to quantify the aggregate watershed response of RIs. Pinay et
al. (2015), for example, have proposed a conceptual framework that combines high-resolution
geomorphic data to identify potential denitrification zones in the landscape with known hydrologic
flow paths. Within their framework, they propose the use of dimensionless numbers (the Damkohler
and Peclet numbers) to quantify the ratio between reaction and transport timescales and determine the
extent of denitrification. However, they do not consider dynamic effects such as fluctuating water
tables on the RI - effects that can flip RIs between source and sink behaviour. Focusing on the
hyporheic zone, Gomez-Velez and Harvey (2015) were the first to provide a deterministic modelling
framework to predict denitrification potential across the entire stream network in the Mississippi
River basin. They used a novel approach where hyporheic residence times were estimated by using
river bedform morphology, and denitrification potential was estimated by comparing hyporheic
residence times to reaction times. However, they only explored the sink function of the hyporheic
zone, while it has been shown that for elements like P the hyporheic zone can act as both source and
sink (Palmer-Felgate et al., 2010; Withers & Jarvie, 2008). My goal is to build on this body of work
and develop methodologies to explicitly represent reactive interfaces at the watershed scale across the
upland-stream continuum and further our quantitative understanding of the coupled biogeochemical
and hydrological processes at these interfaces.
5

1.1.3 Objectives
The overall objective of my research is to quantify the role of reactive interfaces in modulating
landscape-scale biogeochemical fluxes, with a specific focus on both natural and managed RIs in
agroecosystems. This dissertation focuses on several agricultural contaminants (namely carbon,
nitrogen and estrogen), but the results may be relevant to a broader suite of contaminants that can be
found in agroecosystems. The dissertation will be structured through the following four objectives:
Objective 1: Quantify the role of wetlands in retaining nitrogen at the continental scale and
the impact of different restoration strategies for optimal N retention.
Objective 2: Quantify the role of wetland size, climate, and downstream connectivity on
nitrogen retention at the sub-annual scale.
Objective 3: Quantify the role of hyporheic zone characteristics on the spatial and temporal
persistence of estrogens in stream networks.
Objective 4: Quantify the role of rainfall and water table fluctuations in controlling carbonnitrogen dynamics at the water table, with a specific focus on humid
ecosystems under intensive agriculture.

6
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Chapter 2
Maximizing US Nitrate Removal Through Wetland
Protection and Restoration
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Chapter 2 Abstract

Growing populations and agricultural intensification have led to elevated riverine nitrogen (N) loads,
groundwater contamination, and increases in the incidence of coastal hypoxia.1 While recent work has
pointed to the potential for individual wetlands to improve water quality,2–9 little is known regarding
current magnitudes of wetland N removal at the landscape scale. Here, we use National Wetland
Inventory data and 5-km grid-scale estimates of N inputs and outputs to demonstrate that current N
removal by U.S. wetlands (~ 860 ± 160 ktons of N y-1) is limited by a spatial disconnect between
high-density wetland areas and N hotspots. Our model simulations suggest that a spatially targeted,
10% increase in U.S. wetland area (5.1 million ha) would double wetland N removal. This increase
would provide an estimated 54% decrease in N loading in nitrate-impacted watersheds such as the
Mississippi River Basin. The costs of this increase in area would be approximately US$3.3 billion
annually across the U.S.—nearly twice the cost of wetland restoration on non-agricultural,
undeveloped land, but providing approximately 40 times more N removal. These results suggest that
water quality improvements should be considered when creating policy regarding wetland restoration
and protection.
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2.1 Introduction
Increased nutrient loads have led to an increasing incidence of harmful algal blooms (HABs) and
coastal hypoxia, from the Chesapeake Bay and Gulf of Mexico in North America, to the Baltic Sea in
Europe and the South China Sea in Asia.1 Low oxygen levels in these hypoxic zones limit
biodiversity, degrade ecosystem function, and negatively impact coastal economies.10 In a warming
climate, it is expected that hypoxic zones will grow larger and persist for longer periods, making it of
even greater import to decrease export of excess nutrients from intensively managed landscapes to
coastal waters.11
In the U.S., the policy response to problems of coastal hypoxia as well as groundwater nitrate
contamination has focused on a range of interventions to reduce nitrogen (N) loads, from wastewater
treatment plant upgrades to on-farm reductions in fertilizer application, construction of riparian
buffers, and use of cover crops.2 Interest has also grown in the use of wetlands to improve water
quality, and, in particular, to reduce N loading to downstream waters.3–7 Since 1989, the USDA alone
has spent more than $4.2 billion on wetland restoration and protection, especially through the
Conservation Reserve Program and Wetland Reserve Program.12,13
Wetland restoration efforts, however, are often carried out in an ad hoc manner, focusing on simply
maximizing restored wetland area, or achieving “No Net Loss” of wetland area – a U.S. policy
objective initially established in 1989.14–16 Also, because wetlands provide a host of ecosystem
services, from flood prevention and carbon sequestration to provision of critical habitats, restoration
projects may focus on a more general reestablishment of ecosystem structure and function rather than
on targeted interventions to improve water quality.17
Although most studies of wetland N removal have focused on the individual wetland scale, there have
increasingly been attempts to estimate more landscape-scale effects.3,18 Jordan et al. have estimated
that U.S. wetlands currently remove approximately 5,800 ktons of N y-1.19 Mitsch et al. have
estimated that restoring 2.2 million ha of wetlands in the Mississippi River Basin would reduce nitrate
loading to the Gulf of Mexico by 40%,4–6 while Fennessy and Craft 9 suggest that 1.3 million ha
would be sufficient to achieve this goal. While providing important foundational estimates of the
importance of wetlands to surface water quality, these studies have been limited by a lack of spatially
explicit N input data. Instead, these studies have assumed mean N loading rates across large
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watersheds to quantify N retention, with no explicit consideration of spatial variability in N loading
across heterogeneous landscapes.9,19 Given that N removal by wetlands is known to be a strong
function of N loading,3,4,19 this omission leads to a gap in current understanding of the contribution of
wetlands to water quality across diverse land use and management. Other important recent work has
attempted, at smaller watershed scales, to estimate wetland N removal through a direct consideration
of the spatial positioning of individual wetlands along the river network and the hierarchical network
effects of nested wetland catchments.20,21 This approach, however, is limited by a need for extensive
water quality sampling as well as an explicit mapping of wetland connectivity to the river network
that does not easily allow for consideration of upland, geographically isolated wetlands.18,20,22
In the present study, we use a newly developed dataset of landscape N surplus values, calculated at a
5-km grid scale for the contiguous U.S., to estimate spatially varying N inputs to the more than 30
million individual wetlands included in the U.S. National Wetlands Inventory (NWI) (Fig. 2.1). The
N inputs to individual wetlands are then used to estimate N removal as a function of wetland size,
thus providing spatially varying, continental U.S.-scale estimates of N removal from current
wetlands. Here, wetland N removal is defined as the difference between N inputs and N outputs
across a wetland and includes both temporary, e.g. plant uptake, and permanent, e.g. denitrification,
removal processes.
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Figure 2.1 A conceptual figure demonstrating our approach to estimating wetland N removal
across the U.S. (a). National Wetland Inventory (NWI) is used to identify the locations and sizes of
individual wetlands (b) Size-dependent removal rates and residence times are estimated for each
wetland as a function of surface area. Such estimates are based on a previous study demonstrating
that, despite the complexity and heterogeneity of wetland N removal processes across diverse
landscapes, there exists a remarkably consistent, inverse relationship between the N removal rate
constant and wetland surface area (see Methods). (c) Grid-scale N surplus values are used to estimate
N mass inputs to individual wetlands as a function of surplus N, catchment area and fraction of N
surplus that enters the wetland. (d) Wetland N removal is estimated as the product of the incoming N
load and the percent removal. (e) Watershed-scale N removal is estimated as a summation of N
removal from individual wetlands within the watershed.
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We next use a modeling approach to simulate spatially explicit scenarios of wetland restoration and to
estimate the potential for enhanced wetland N removal across the U.S. In our analysis, we ask the
following questions: (i) What is the magnitude of N being removed by current wetlands? (ii) How
would a loss of these wetlands impact water quality? (iii) How can we spatially target wetland
restoration efforts to maximize N removal and meet goals for water quality? (iv) What would be the
costs associated with such restoration?
In Fig. 2.2a, we show wetland densities across the contiguous U.S. based on aggregation of NWI
wetland areas to the HUC-8 watershed scale. The highest wetland densities in the U.S. are currently
found along the Gulf of Mexico (from the Texas playas to Florida’s cypress swamps), in the Prairie
Pothole Region of Minnesota and North Dakota, and along the eastern seaboard (including the
Delmarva and Carolina Bays).
Areas with high wetland densities theoretically have the potential for high rates of N removal, as
wetland soils are rich in organic carbon and are frequently anoxic, making them hotspots for
denitrification.23 Our calculations, which take into account relationships between wetland surface
area, water residence times, and denitrification rate constants, demonstrate that percent N removal
varies widely across HUC-8 watersheds, from minimum values of < 0.05 across large areas of the
arid western U.S., to as high as 0.52 in areas of Florida and Minnesota, where wetland densities are
high (Fig. 2.2b).
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Figure 2.2 Wetland densities, N surplus magnitudes, and wetland N removal across the
contiguous U.S. (a) Wetland density (-); (b) Percent wetland N removal; (c) N surplus magnitudes
(kg ha-1 y-1); (d) Estimated N mass removal by wetlands (kg ha-1 y-1). All results aggregated to the
HUC-8 scale; (c) and (d) are normalized by watershed area; (b) and (d) are median values from
Monte Carlo simulations.
The percent N removal, however, tells only part of the story. The magnitude of N that is actually
removed is inherently dependent on the amount of surplus N present within wetland catchment areas.
In the present study, the N removal magnitudes of existing wetlands were estimated as the product of
the percent removal for individual wetlands and the incoming N load from its upstream catchment
area. N surplus magnitudes, which were calculated as the difference between anthropogenic N inputs
(N fertilizer, atmospheric N deposition, manure N, biological N fixation of leguminous crops) and
non-hydrologic N outputs (crop N production) (Fig. 2.2c), vary across regions, with the highest
magnitudes being seen in the Upper Mississippi River Basin (Extended Data Fig. 1 in Appendix A).
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Our results suggest that wetlands across the U.S. are currently removing approximately 860 ± 160
ktons of anthropogenic N y-1, a total that represents approximately 8% of the current landscape N
surplus for the contiguous U.S. Areas with the highest removal rates occur in areas where relatively
high wetland densities intersect with high-N surplus areas, primarily in HUC-8 watersheds bordering
the Mississippi River in Missouri, Arkansas, and Kentucky (Fig. 2.2d, Extended Data Fig. 2 in
Appendix A). Notably, our results suggest that U.S.-scale wetland N removal masses are an order of
magnitude less than the previously estimated 5,800 ktons removal,19 thus demonstrating the
importance of spatially explicit N surplus values in making these estimates.
The maps of current N surplus magnitudes (Fig. 2.2b) and wetland densities (Fig. 2.2a) suggest that
areas with the highest levels of excess N generally have relatively low wetland densities. Indeed,
classification of U.S. watersheds based on wetland densities and N surplus magnitudes demonstrates a
clear disconnect between nutrient source zones and potential N removal sites (Fig. 2.3a). The
majority of U.S. HUC-8 watersheds (41%) can be considered “low-input” systems, with both a low N
surplus (< 8 kg ha-1 y-1) and low wetland densities (< 10% wetland area). Another 8% of watersheds
are also low-input, but they have more wetlands (> 10% wetland area), meaning that the wetland N
removal potential in these systems is high in relation to surplus N. Importantly, however, we find that
38% of watersheds with N surplus magnitudes in the upper quartile ( > 8 kg ha-1 y-1) actually fall in
the lowest quartile for wetland density (< 10% wetland area). These “wetland-limited” watersheds
cover an area of approximately 861,000 km2, nearly 40% of the contiguous U.S. (Fig. 2.3b), and the
N surplus from this area constitutes approximately 70% of the contiguous U.S. landscape N surplus.
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Figure 2.3 Spatial relationships between N source areas and existing wetlands. The figure
demonstrates a lack of wetlands in areas that could benefit most from enhanced N removal. (a) Each
point represents a HUC-8 watershed classified based on relative magnitudes of N surplus and wetland
density: (i) Wetland-Limited (red), (ii) High Input-Wetland Abundant (blue), (iii) Low Input-Low
Wetland (grey), (iv) Low Input-Wetland Abundant (yellow). The horizontal dashed line corresponds
to the mean watershed N surplus magnitude (8 kg ha-1 y-1), and the vertical dashed line to a watershed
wetland density of 10%. (b) Spatial distribution of the four watershed types.
This large “wetland-limited” area of the U.S. suggests that wetland restoration in high-N surplus areas
has a strong potential to maximize water quality benefits. To test this hypothesis, we carried out
simulations for three wetland restoration scenarios. Under the first scenario (Random Placement,
SC1), wetlands are placed randomly across the landscape. Under the second scenario (No Ag Land
Loss, SC2) wetlands are placed only on non-agricultural lands, to minimize loss of productive
cropland, and under the third scenario (Targeted Restoration, SC3), wetlands are preferentially placed
in areas with the highest N surplus values so as to maximize wetland N removal. Under all scenarios,
wetland restoration is capped within each grid cell, such that the sum of all wetland areas and wetland
contributing areas does not exceed the total area of the cell. As such, no nesting of wetland
catchments is assumed. For each scenario, simulations are run across a range of increases in wetland
area to estimate resulting increases in wetland N removal and also associated costs (Fig. 2.4).
Our results indicate that for all three scenarios, N removal increases linearly up to an approximately
15% increase in wetland area (Fig. 2.4a), with the highest removal levels being seen for the Targeted
Restoration scenario (SC3). Above a 15% increase in wetland area, rates of increase in N removal for
the Targeted scenario begin to flatten as restoration efforts move outside of areas with the highest N
19

Surplus magnitudes. Costs for the three restoration scenarios also increase in a near-linear fashion
(Fig. 2.4b), with the higher costs of targeted restoration being driven by higher land-rental costs for
prime agricultural land. However, though the costs for Targeted Restoration are nearly double those
required for restoration on non-agricultural land, the targeted approach provides approximately 40
times more wetland N removal (Fig. 2.4b).

Figure 2.4 Estimated N mass removal and costs for the three wetland restoration scenarios. (a)
Targeted Restoration (SC1) results in the greatest increase in N Removal over current levels with
increases in wetland area; (b) Estimated wetland restoration costs scale approximately linearly with
wetland area for all three scenarios, with higher costs for Targeted Restoration due to higher land
rental costs for prime agricultural land.
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In Fig. 2.5, we show more detailed results for the simulations providing a 10% increase in wetland
area. The 10% increase was chosen to explore a restoration agenda that is ambitious—approximately
5 times more restored wetland area than that supported in the USDA Wetland Reserve Program—but
for which associated costs are not outside the bounds currently allotted to water quality
improvements.24,25 The three modeled scenarios result not just in different N removal magnitudes, but
also very different spatial distributions for the restored wetlands (Fig. 2.5). Under the Random
Placement scenario, we see an almost uniform distribution of new wetlands across the contiguous
U.S. In contrast, with Targeted Restoration, we see higher densities of restored wetlands in areas with
the highest levels of agricultural production, and N removal is also concentrated in these high-input
areas. With this 10% increase in wetland area, targeted restoration results in a more than 90%
increase in N removal above current levels, constituting an additional 809 ± 395 ktons N removal
across the contiguous U.S. This removal magnitude is approximately 4.3 times greater than that
achieved with random placement, and 40 times greater than that with no loss of agricultural land, thus
quantitatively demonstrating the value of the targeted approach.
With a wetland restoration landscape optimized for N removal, we find that great strides can be taken
towards achieving policy goals for water quality in N-impacted watersheds (Extended Data Table
S1 in Appendix A). In the Mississippi River Basin, for example, our results show that current
wetlands remove approximately 439 ktons of N y-1. In comparison, approximately 868 ktons of N y-1
are delivered to the catchment outlet at the St. Francisville station, meaning that without current
wetlands, Mississippi River N loads could be 51% higher than they are at present (~1300 ktons N y-1).
Under our targeted restoration scenario, a 10% increase in wetland area for the U.S. results in a 22%
increase in wetland area for the Mississippi River Basin, as wetlands are preferentially placed in areas
with high N surplus values. These restored wetlands would contribute to an additional 467 ktons y-1 of
N removal, providing an approximately 54% decrease in N loading to Gulf and taking us more than
halfway toward the current policy goal of a 60% reduction in riverine N loads.26 While recent work
has suggested it could take on the order of 30 years to achieve the desired reductions in N loading due
to the presence of legacy N in soil and groundwater,26,27 wetland restoration in many ways presents a
fast-track solution, allowing for the capture and removal of both current-year and legacy N before it
reaches downstream waters.
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As noted above, such gains have an associated cost. Our analysis suggests that a targeted, 10%
increase in U.S. wetland area would cost on the order of $3.3 billion—nearly twice the cost of
wetland restoration on non-agricultural land—and would require removing 3.9 million ha of cropland
(2% of total cropland area) from agricultural production.28 While these costs are substantial, they are
in line with current expenditures to achieve water quality goals.15 For example, in Iowa, a corn belt
state estimated to contribute from 11-52% of the total N load to the Gulf of Mexico, annual costs for
conservation measures to improve water quality–including reductions in fertilizer use, the planting of
cover crops, and construction of bioreactors as well as wetland restoration–are already estimated to be
as high as $1.4 billion.29,30
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Figure 2.5 Wetland restoration simulation results for a 10% increase in wetland area. Total N
removal values represent wetland N removal over and above current wetland N removal. Results
show that with equivalent increases in wetland area, the Targeted Restoration scenario (SC3)
maximizes wetland N removal, thus providing the greatest water quality benefit.
Our refined estimates of wetland N removal first indicate that current wetlands remove 860 ± 160
ktons of N y-1, which is an order of magnitude less than previous estimates. This lower estimate arises
due to our spatially explicit consideration of the preferential loss of wetlands in areas of intensive
agricultural production, where fertilizer application and livestock production lead to N runoff and
high stream N concentrations.31 Our simulations, based on a newly developed high-resolution N
surplus dataset, suggest that targeted restoration efforts could provide outsized reductions in N
loads—in the Mississippi River Basin alone, a 22% increase in wetland area could decrease N
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delivery to the coast by more than 40%. Importantly, these results not only corroborate earlier work
by Mitsch et al.,4 who predicted similar possible N removal magnitudes, but also move beyond
previous finding by providing, for the first time, a spatially explicit “blueprint” for targeted
restoration, suggesting priority areas for wetland restoration at a 5-km grid scale. These results
provide critical context to discussions of wetland restoration and water quality that are especially
important today, when a new Clean Water Act rule is reducing protections offered to existing
wetlands.32
Of course, every watershed is different, and there are countless practical and policy-related challenges
to carrying out targeted restoration. There is a strong need for watershed-scale solutions that consider
and balance potential water quality benefits along with farmer attitudes and the need for agricultural
production. These watershed solutions are not ‘one size fits all,’ as they require a detailed knowledge
of past, current, and future land use and N loading along with an active dialogue between water
authorities and land owners. However, watershed planners today have more access than ever to highresolution data that can expedite the creation of watershed-specific solutions through interactions with
local stakeholders.33 The current results, which provide spatially varying estimates of potential water
quality benefits from wetland restoration, create an important context for such dialogues and
represent a fundamental step towards a more nuanced, landscape-scale understanding of the current
and potential role of wetlands in improving water quality and reducing coastal eutrophication.

2.2 Methods
In the following, we provide details regarding our underlying datasets, analytical methods, and
modeling approach to provide estimates of current wetland N removal, simulations of potential N
removal under developed scenarios, and associated cost estimates.
N Surplus Calculations and Data Sources
The 2017 landscape N surplus was calculated using a soil surface N balance approach, an approach
that is commonly used to to assess the impacts of agriculture—and agricultural policy—on the
environment.34,35 With the soil surface approach, all relevant N input, output, and loss terms are
explicitly taken into account for a given land area at the soil surface:35
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𝑁𝑆 = 𝐷𝐸𝑃 + 𝐹𝐸𝑅𝑇 + 𝐵𝑁𝐹 + 𝑀𝐴𝑁 − 𝐶𝑅𝑂𝑃

(Eq. 2.1)

where NS is the N surplus, DEP is atmospheric N deposition, FERT is fertilizer N application, BNF is
biological N fixation, MAN is livestock N excretion (urine and manure), and CROP includes both
crop N uptake and consumption of pasture N by foraging livestock.
All N mass balance data was obtained from the TREND-nitrogen dataset.36,37 N inputs (DEP, FERT,
BNF, MAN) and outputs (CROP) were estimated at a U.S. county scale using crop and livestock data
from the USDA Census of Agriculture,38 atmospheric deposition data from the National Atmospheric
Deposition Program,39 and fertilizer data from USGS and USDA.40,41 For additional details, see
Byrnes.37
County-scale N surplus values were downscaled to the 5-km grid scale using the NLCD 2016 Land
Cover raster. NLCD land cover was aggregated from 30-m to 5-km grid cells based on the dominant
land cover designation for each 5-km grid cell. County-scale agricultural N inputs and outputs
(fertilizer, crop biological fixation, manure production, and crop production) were then allocated
equally to the agricultural grid cells within the county boundaries. Land use for areas labeled as
pasture/hay or cultivated crops was considered to be agricultural. Atmospheric N deposition was
considered to be distributed evenly across all grid cells within a county. The grid-scale landscape N
surplus was calculated by adding N inputs and outputs for each 5-km grid cell.
N Removal - Individual Wetlands
Nitrogen (N) removal by wetlands across the U.S. was estimated as a function of N removal rates and
estimated N surplus magnitudes, which determine the maximum mass of N potentially available to
the wetlands for removal. Removal rates were estimated as a function of the wetland size, based on a
meta-analysis of 178 wetlands across the world. Spatial data for individual wetlands was obtained
from the National Wetlands Inventory (NWI), which comprises data for approximately 30 million
upland and riparian wetlands across the contiguous U.S.42 Although it is well documented that the
NWI underestimates the presence of small wetlands, it remains the most comprehensive, seamless,
and consistent national-scale database.7
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The upscaling methodology developed in the current study is based on a previous empirical analysis
of relationships between wetland N removal, wetland size, and water residence times that included a
global meta-analysis of measured nitrogen removal data from 178 wetlands.3 The study found that N
removal rates in individual wetlands vary across a wide range, from 0.01 to 7200 g m-2 y-1, with a
median removal rate of 110 g m-2 y-1 and a median removal efficiency of 48%. These estimates of N
removal are similar to those reported in other meta-analyses found in the literature.19,43
The wide range of estimates for N removal arises from the complexities of N removal processes in
wetlands and creates challenges for upscaling individual wetland data to regional and continental
scales. Wetland N removal can occur via temporary (e.g. plant uptake, burial) and permanent (e.g.
denitrification) removal processes, and these processes depend on a variety of factors including
nutrient loading, wetland area, residence time, wetland types, plant biomass, substrate availability and
constraints on microbial metabolism.19,44 Despite such complexity and the heterogeneity of processes
across the hundreds of wetlands studied, the meta-analysis showed a remarkably consistent and
significant inverse relationship (p<0.001) between the first-order N removal rate constant in
individual wetlands, k [T-1], the wetland residence time 𝜏 [T], and surface area, SA [L2] (Extended
Data Fig. 3 in Appendix A).3 The authors hypothesized that the consistency of the relationship arises
due to strong hydrologic controls on biogeochemical processing and validated their hypothesis using
a sediment-water model that links major nutrient removal processes with wetland size.3 Specifically,
they showed that the inverse relationship can be attributed to the lower ratio of reactive sediment area
to water volume for larger wetlands, which reduces the opportunity for nitrate in the water column to
come into contact with denitrifying bacteria in the sediment.3
The relationships between k and 𝜏, and between 𝜏 and SA, developed by Cheng and Basu are used in
our study to estimate wetland N removal rates as a function of wetland size and nutrient loading.3
The relationships were developed for both total N and nitrate-N, and were not found to be
significantly different, possibly because nitrate dominates total N in most impacted systems. Due to a
lack of ability to capture N speciation at this scale, we have used the estimates for TN in our analysis.
Following this approach, the percent wetland N removal, 𝜌wet,i (%), of each of the 30 million upland
and riparian wetlands, i, in the National Wetlands Inventory (Fig. 2.2) was estimated as a function of
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the removal rate constant (ki; d-1) and water residence times (𝜏i; d) for that wetland, using first order
removal rate kinetics:3,45
ρwet,i = (1- exp(-ki τi))*100

(Eq. 2.2)

Removal rate constants, ki, and residence times, τi , for the NWI wetlands were estimated using the
empirical relationships developed by Cheng and Basu between these variables and wetland surface
area, SAi, with wetland surface area being obtained from the NWI database.3
τi = a (SAi) b

(Eq. 2.3)

ki = c (τi) d

(Eq. 2.4)

where a, b, c, and d are the coefficients and exponents of the empirically derived relationship.
The N removal by the individual wetlands, Rwet,i (kg y-1), was then estimated as the product of the N
input to these wetlands (Min,i; kg y-1) and the percent wetland N removal 𝜌wet,i (%).
Rwet,i = Min,i (ρwet,i/100)

(Eq. 2.5)

Spatially varying N inputs to the wetlands were estimated based on the area-normalized N surplus of
the corresponding HUC, Ns,i (kg-N ha-1 y-1), the contributing area (ha) of each wetland, CAi, and a
reduction factor, γ, that quantifies the fraction of the N surplus that enters each wetland via flow
through surface or subsurface pathways.2
Min,i = γ Ns,i CAi

(Eq. 2.6)

The reduction factor γ represents the fraction of the N surplus in the wetland’s catchment area that
can potentially enter the wetland, assuming that the rest is either retained in soils and groundwater, or
denitrified in upstream soils, ditches and wetlands. The range of values employed for the γ term (0.30.5) is based on both monitoring- and modeling-based literature estimates of soil and watershed
denitrification rates. The catchment area of each wetland was estimated by assuming a catchment area
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to wetland area ratio of α, with values of α based on empirically determined relationships between
wetland catchment area and wetland surface area.46 The empirical distribution of α values is based on
catchment delineation for more than 30,000 wetlands using high-resolution lidar data in the North
American Prairie Pothole Region.46 We used the geometric mean and standard deviation of the data to
bound α in our Monte Carlo analysis. Future refinements of this methodology would involve
delineating the watersheds of all current U.S. wetlands, which will become possible in the future as
high-resolution data becomes available for other regions.
In wetland-dense areas, wetland catchment areas are nested, and the sum of wetland catchment areas
can sometimes be greater than the total watershed area Awshd (ΣCAi > Awshd). In these cases, wetland
contributing areas were rescaled by multiplying individual wetland areas by a correction factor (
=Awshd / ΣCAi ), such that ΣCAi = Awshd. This rescaling was done to ensure that mass is conserved in the
model calculations; in other words, we ensure that the mass of N entering the wetlands is not greater
than the mass of N available within the watershed for removal. Following this approach, as the
percent area intercepted by wetlands in a watershed would increase, the N removal by wetlands in the
watershed would also increase.21 One limitation of this approach to wetland-rich areas is that
upgradient wetlands reduce nitrate, and thus the Min to a downstream wetland should be ideally
reduced due to the presence of a wetland in its contributing watershed.20 Our model takes this into
account implicitly, rather than explicitly, through the reduction factor γ. Advancement of this
methodology would involve a network-scale assessment of the role of upstream wetlands in mass
delivery to downstream wetlands that relies on detailed information of the network structure of the 30
million wetlands at the continental U.S. scale.
N Removal - Watershed Scale
The N removal by wetlands at the HUC-8 watershed scale (Fig. 2.2D) was estimated by aggregating
the N removal of all wetlands within the watershed, and then normalizing by watershed area:
Rwet,i = ( γ Ns CAi) (ρwet,i/100)
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(Eq. 2.7)

The percent wetland N removed in each HUC-8 watershed, 𝜌wshd (%), (Fig. 2.2B) was estimated as
the sum of the percent wetland N removal for all wetlands in that watershed, weighted by their
respective contributing areas:

(Eq. 2.8)
where ρwet,i is the percent N removal of an, individual wetland, i, (% (from Eq. 2.3); CAi is the
catchment area of the wetland, i, (km2), n is the number of wetlands in the watershed, and Awshd is the
total watershed area (km2).
Parameter Ranges and Uncertainty Analysis
Monte Carlo simulations were used to characterize the uncertainty associated with estimates of N
removal, as a function of the uncertainties associated with k, 𝜏, wetland contributing area, and the
fraction of N surplus that is intercepted by the wetland.47 The ranges of values used for each
parameter are provided in Extended Data Table 2 in Appendix A. The Latin hypercube sampling
(LHS) technique, a form of stratified Monte Carlo sampling, was used to generate 500 parameter sets
from these ranges, assuming a uniform distribution across each range.48 LHS allows for strategic and
efficient sampling of the parameter space, thus allowing for relatively fewer simulations to be run
while still effectively assessing uncertainty across parameter ranges.48 We conducted 500 Monte
Carlo simulations to obtain median and interquartile range values to provide estimates of N removal.
Simulations of Wetland Restoration
Three wetland restoration scenarios were simulated. The three scenarios had the following
stipulations: (SC1) Random Placement; (SC2) No Loss of Agricultural Land; and (SC3) Targeted
Restoration in areas with the highest N surplus values. Simulations for each scenario were carried out
for a range of increases in wetland area, up to a 40% increase in area. Simulations were carried out at
a 5-km grid scale. Land cover at this scale was obtained from the NLCD 2016 land cover raster, with
data being upscaled from a 30-m to a 5-km grid scale based on the modal land cover designation for
each cell. No placement of new/restored wetlands was allowed in any of the simulations in areas with
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the following land cover designations: (1) open water; (2) developed land (open space, low intensity,
medium intensity, high intensity); (3) barren land; (4) shrubland; (5) wetland.
In the simulations, wetlands of varying size were selected randomly for placement from an
empirically derived power-law distribution of wetland size, with a maximum size of 10 ha.3,49
Random placement was allowed in any grid cell with qualifying land cover until the sum of all
catchment areas and wetland areas reached a maximum of 25 km2, the total area of the cell. Random
placement of restored wetlands stopped when the total restored area across the contiguous U.S.
reached 5.1 million ha.
The simulated N removal, Rwet,i (kg y-1), for each wetland was calculated using Eq 2.5, with N surplus
values at the 5-km grid-scale. The k and τ values are calculated as shown in Eq. 2.2 and Eq. 2.3,
above, using mean coefficient and exponent values (Extended Data Table 2 in Appendix A). The
ratio of catchment area, CAi, to wetland area for each restored wetland was assumed to be 8.4 (range
3-20) based on the geometric mean of empirically determined relationships between wetland
catchment area and wetland surface area.46 Simulated N removal was summed to the 5-km grid scale
for presentation in Fig. 2.5.
The LHS stratified sampling technique was used to estimate uncertainty for the three simulation
scenarios. The ranges for all parameters were the same as those used in the Monte Carlo simulations
for current wetland removal and are given in Extended Data Table 2 in Appendix A. We conducted
50 Monte Carlo simulations to obtain mean and standard deviation values for N removal magnitudes
for all three scenarios to obtain uncertainty values associated with a 10% increase in wetland area.
While it is known that recently restored wetlands may not provide the same levels of denitrification as
undisturbed wetlands, often due to low availability of organic carbon,50 note that the meta-analysis
used for calculation of denitrification rate constants included a large proportion of restored and
constructed wetlands. Accordingly, the range of N removal predicted through the Monte Carlo
simulations should take into account an appropriate range of potential removal magnitudes. There
may, however, be time lags associated with achieving the predicted removal rates.
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Wetland Restoration Cost Calculations
The costs for construction of new or restored wetlands were calculated using a cost-based decision
support framework for wetland restoration.15,51 This framework includes area-dependent costs
associated with design, construction and maintenance, annualized over a 50-year management
horizon at a real discount rate of 4%.”. It also includes land rental costs, which vary by state and are
established to cover the opportunity costs for land removed from agricultural production.51 Land
rental costs for cropland and pastureland were obtained at a state level from the Quick Stats 2.0
database (http://quickstats.nass.usda.gov).
The costs of restoring 1 ha of wetland on cropland and pastureland for each of the 48 states in the
contiguous U.S. are shown in Extended Data Fig. 4 in Appendix A. Land rental costs for cropland
are, in the mean, more than five times greater than those for pastureland (cropland, $274 ± 156 ha-1);
pastureland, $51 ± 156 ha-1), due to the greater loss of agricultural productivity when converting
cropland. Accordingly, the rental costs for cropland account for a greater proportion of the total
annualized costs (cropland, 47 ± 13%; pastureland, 16 ± 7%) associated with wetland construction
and maintenance, depending upon land rental costs in individual states.
For the SC1 (Random Placement) and SC3 (Targeted Restoration) scenarios, state-specific land rental
costs for cropland and pastureland were used. For the SC2 simulation (no loss of agricultural area)
land rental costs were assumed to be zero, to provide the most conservative estimates of cost
differences between the SC2 and SC3 scenarios. Estimated costs shown in Fig. 4 (main text) and in
Extended Data Fig. 4 in Appendix A, are given in 2017 U.S. dollars. Note that the costs estimated
herein are for constructed nutrient retention wetlands, as exemplified by the USDA CREP wetland
program. In our analysis, we do not distinguish between costs for construction of a new wetland and
those for restoration of a drained wetland. As costs for constructed wetlands in some regions could be
greater than those for wetland restoration, the costs presented herein can be considered an upper
bound on possible costs.
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Watershed N Loads and Wetland N Removal
N loading at the catchment outlet for a selection of major U.S. nitrate-impacted rivers was calculated
using USGS water quality data compiled by Oelsner et al.52 Annual loads were calculated using flow
and modeled daily concentrations. The reported loads in Extended Data Table 1 in Appendix A are
average annual loads for the period 2002 to 2012. Wetland N removal for both existing and simulated
wetlands was calculated by summing N removal magnitudes for individual wetlands and aggregating
to the boundaries of the selected watersheds.
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Chapter 3
Disconnectivity Matters:
The Outsized Role of Small Ephemeral Wetlands
in Landscape-Scale Nutrient Retention
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Chapter 3 Abstract

Wetlands protect downstream waters by filtering excess nitrogen (N) generated from agricultural and
urban activities. Small ephemeral wetlands, often known as geographically isolated wetlands (GIWs),
are hotspots of N retention but have received fewer legal protections due to their apparent isolation
from jurisdictional waters. Here, we hypothesize that the isolation of the GIWs make them more
efficient N filters, especially when considering transient hydrologic dynamics. We use a reduced
complexity model with thirty years of remotely sensed monthly wetland inundation levels in 3,700
GIWs across eight wetlandscapes in the US to show how consideration of transient hydrologic
dynamics can increase N retention by 91%, with greater retention magnification for the smaller
wetlands. This effect is more pronounced in semi-arid systems such as the prairies in North Dakota,
where transient assumptions lead to 1.9 times more removal, compared to humid landscapes like the
North Carolina Pocosins where transient assumptions only lead to 1.4 times more retention. Our
results highlight how GIWs have an outsized role in retaining nutrients, and this service is enhanced
due to their lack of hydrologic connectivity which must be protected to maintain the integrity of
downstream waters.
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3.1 Introduction
Wetland protection and restoration has been recognized as one of the most promising strategies for
mitigating nutrient pollution (Mitsch et al., 2005; Quin, Jaramillo and Destouni, 2015; Hansen et al.,
2018). Wetlands retain excess nutrients from agricultural and urban runoff and protect downstream
waters (McClain et al., 2003; Marton et al., 2015; Cheng and Basu, 2017). In particular, the anoxic
conditions and high organic carbon content in wetlands promotes the removal of nitrogen (N) through
denitrification (Martínez-Espinosa et al., 2021). Indeed, wetlands in the United States have been
estimated to remove more reactive N than all other aquatic ecosystems combined, in addition to
providing other ecosystem services such as carbon sequestration and biodiversity
enhancement (Baron et al., 2013; Thorslund et al., 2017; Cheng et al., 2020; Canning et al., 2021).
Prioritization of wetland restoration requires an understanding of how different types of wetlands
across the landscape perform different services (Cohen et al., 2016). The effectiveness of N retention
in a wetland varies widely across the landscape, with retention magnitudes ranging from 0.002-9048
g N/m2/year and retention rates ranging between 30-40% of N inputs (Jordan, Stoffer and Nestlerode,
2011; Land et al., 2016; Cheng and Basu, 2017). Retention rates have been found to correlate
strongly with inputs from the landscape, wetland size and water residence times (Saunders and Kalff,
2001, Powers, Tank and Robertson, 2015; Arheimer and Wittgren, 2002; Cheng and Basu, 2017).
These field studies focus on the dynamics in individual wetlands, while the N retention potential of
wetlandscapes can be modeled as a function of N retention in individual wetlands, as well as the
distribution and connectivity of wetlands across the landscape. Hansen et al. (2021) used a coupled
model to explore N retention dynamics in the Le Sueur River Basin in the Minnesota River basin, and
found restoration of floodplain wetlands to be the most cost-effective strategy for N retention.
Evenson et al. (2021) found that restoring 2% of the area of the Upper Mississippi River Basin to
wetlands can reduce the outlet N loads by 12%. Cheng et al. (2020) estimated N removal in over 30
million wetlands across the contiguous US, and found that a targeted 10% increase of current wetland
area in zones of the highest nitrogen inputs can reduce N loads to the Gulf of Mexico by 40%.
An important class of wetlands is geographically isolated wetlands (GIWs), defined as wetlands that
are completely surrounded by uplands and lack a persistent surface water connection to navigable
streams and may contain water for only part of the year (Tiner, 2003). GIWs span many wetland
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types and hydrogeomorphic settings (e.g., prairie potholes in Midwestern US and Central Canada,
vernal pools of New England and eastern Canada, Delmarva and Carolina Bays, playas of
southwestern US and Mexico, cypress domes of southeastern coastal plain in US), and have
traditionally received less protection due to their apparent disconnectivity from downstream navigable
waters (Lane and D’Amico, 2016; Creed et al., 2017). GIWs are generally smaller than most riparian
wetlands (Cohen et al., 2016), and contain water for only a part of the year. They typically receive
seasonal water inputs through snowmelt or intense storms and lose water over the next few months
through evapotranspiration or groundwater recharge (Tiner, 2003; Morgan, Hayashi and Cey, 2021).
From a biogeochemical perspective, GIWs often receive the first flush of solutes from the landscape
(Cohen and Brown, 2007) and the lack of direct connection to the river network increases processing
times and nutrient retention, making them landscape biogeochemical hotspots (Winter and LaBaugh,
2003; Marton et al., 2015). However, while the lack of apparent connection to surface waters
increases their ability to be most effective as nutrient filters, it is this lack of connection that excludes
them from the Clean Water Act and makes them most vulnerable to loss (Marton et al., 2015; Creed
et al., 2017).
The nutrient retention potential of GIWs is a function of their inundation characteristics that drives
water residence times and reaction dynamics (Cheng et al., 2020); yet most studies that quantify these
services focus on a fixed wetland area often derived from national scale wetland inventories like the
National Wetlands Inventory in the US. There is currently a lack of quantitative understanding of the
temporal dynamics of water storage in small ephemeral GIWs, and how such dynamics can
potentially affect their nutrient retention potential. In a recent paper, Park et al. (2022) used thirty
years of satellite imagery to explore the seasonal dynamics of water storage in ten wetland regions
across the US. The authors observed that the source of water in the wetlands (snowmelt or rain-fed)
were correlated to distinct seasonal patterns of inundation across the wetlandscapes. Our objective is
to build on this work and explore the linkages between water storage and nutrient retention dynamics.
Specifically, we focus on the following questions: (1) What is the role of inundation dynamics on
nutrient retention in wetlands? (2) How does the inundation-retention relationship vary as a function
of wetland size? (3) How does wetland size and climate interact to alter these relationships for
different wetlandscapes?
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3.2 Methods
3.2.1 Wetland Inundation and Bathymetry Data
We modeled nitrogen retention dynamics in eight wetland regions of the continental US representing
different climate and geomorphology: California vernal pools, prairie potholes in North Dakota, basin
wetlands in Minnesota, Maine vernal pools, cypress domes in Florida, Texas playa lakes, North
Carolina Pocosins, coastal plain wetlands in Georgia, and Nebraska sandhills. Within each of these
eight landscapes, a 1000 km2 rectangular region was selected based on the presence of a high density
of NWI wetlands, and infrequent gaps in GSW data (Park et al., 2022). GIWs were then derived
within the selected rectangular regions using the National Wetlands Inventory (NWI) and National
Hydrography Dataset (NHD), following the methodology outlined in Park et al. (2022) and Lane and
D’Amico (2016). First, using the NWI dataset, riverine, marine, and estuarine wetlands were
excluded, and only the palustrine and lacustrine wetlands included. Next, to specifically focus on
GIWs, we used the NHD to create 10 m buffer polygons for rivers, all NHD lakes larger than 8 ha,
other water bodies larger than 1.5 ha, and other flowlines or features. All palustrine and lacustrine
wetlands that intersect with the 10m NHD buffered polygons were removed, and the remaining were
classified as GIWs for the remaining analysis. Further details of the methods for extracting GIWs are
provided by Park et al. (2022).
Once GIWs were identified, we characterized the inundation dynamics of the GIWs using the Global
Surface Water dataset that was derived from Landsat imagery and contains monthly observations of
surface water body extent (Pekel et al., 2016). By intersecting the boundaries of the identified GIWs
with the Global Surface Water dataset, we were able to develop a monthly time series of wetland
inundated areas between 1985 to 2015. The method led to the characterization of 3698 GIWs across
the eight wetlandscapes, with the greatest density of GIWs in the 1000 km2 block in North Dakota
(2395 GIWs), and much fewer GIWs in the vernal pools and the North Carolina pocosins (Table
3.1).
Next, the bathymetric relationships (area-depth-volume) of the GIWs were derived to convert
observed wetland inundated areas to monthly volume estimates. This was determined using the 1/3rd
arc-second USGS DEM cropped to the GIW extent, and starting from the top of the wetland
incrementally determining the areas and volumes at each vertical increment using the rasterio python
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package. Starting at the maximum extent and elevation, the volume of each DEM pixel within the
wetland boundary was calculated as the pixel size multiplied by the difference in elevation. These
volumes were then integrated to estimate the total volume of the wetland at this maximum extent.
This procedure was repeated by decreasing the maximum extent in 10,000 equal intervals until the
lowest elevation of the wetland.
Table 3.1 Summary of GIWs and wetlandscape characteristics used in analysis
State

Wetland Type

CA
FL
GA
MN
NE
NC
ND
TX

Vernal Pools
Cypress Domes
Coastal Plain
Basin Wetlands
Sandhills
Pocosins
Prairie Potholes
Playa Lakes

Aridity Index
(AI = PET/P)

Number of GIWs
Identified

2.90
1.33
1.26
1.21
3.17
1.23
2.31
4.71

27
250
35
48
864
27
2395
52

Total
Wetland
Years of
Record
392
1287
392
54
574
504
12570
589

3.2.2 Transient Wetland N Retention Dynamics
A reduced complexity model was developed to estimate temporal fluctuations in N retention
dynamics in a wetland as a function of time-varying inflows and outflows (Figure 3.1). Assuming
well-mixed conditions within the wetland, the rate of change of nitrogen mass M [M] within the
wetland was described as:
dM/dt = C Q - Mk - MQ /V
in

in

(3.1)

out

where C is the concentration of nitrogen in the runoff from the contributing area [M/L ], Q is the
3

in

in

volume of water entering the wetland from its contributing area [L /T], Q is the volume of water that
3

out

is leaving the wetland as recharge or surface outflow [L /T], V is the ponded wetland volume [L ],
3

3

and k is a first order N retention rate constant [T ] that describes the temporary (e.g. plant uptake,
-1

burial) and permanent (e.g. denitrification) processes that contribute to N retention in wetlands.

Using a meta-analysis approach, previous studies have found that N retention rates vary across a wide
range of values, with a median removal efficiency of 48% (Cheng and Basu, 2017) and up to 2,486
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g/m2/yr (Land et al., 2016). Despite such wide variability, the meta-analysis of 178 wetlands by
Cheng and Basu (2017) highlighted a significant inverse relationship between k (1/d) and the wetland
inundated surface area SA (m2). The study further showed that the inverse relationship can be
attributed to the higher ratio of reactive sediment area to water volume in smaller wetlands that
increases the opportunity for nitrate in the water column to come in contact with the sediments. While
Cheng and Basu focused primarily on steady state dynamics, as a wetland dries up over the course of
a season, the surface area decreases, further increasing the retention rate constant. In our dynamic
modeling framework we used time varying surface areas SA (m2) of the wetlands from remotely
sensed data (Section 3.2.2) to estimate time varying k (d-1) values:
k = 0.51 SA-0.28, r2 = 0.52

(3.2)

Remotely sensed wetland inundation data was also used to estimate the time-varying wetland
volumes, as well as inflows and outflows Qin and Qout from the wetland. Specifically, we
used estimated monthly ponded volumes of the wetland (V), and available data for rainfall,
evapotranspiration and runoff to estimate the inflows and outflows with the following mass balance
(Liebe et al., 2009):
dV/dt = (P - ET)SAmax + Qin - Qout

(3.3)

where P is the direct precipitation rate on the wetland (m/d), ET is the evapotranspiration rate from
the wetland surface (m/d), and SAmax is the maximum inundated surface area of the wetland over the
30 years of available remote sensing data. Although the ponded area of the wetland changes over
time, we assumed direct precipitation to be intercepted by the maximum area. Additionally, though
direct ET occurs only from the inundated area, we used the maximum surface area to estimate the
overall ET flux, given ET in the moist margins of the wetland can induce losses from the ponded area
through local groundwater exchange (Hayashi, van der Kamp and Rosenberry, 2016). Monthly
precipitation (P), evapotranspiration (ET) and runoff (Q) rates were available from the TerraClimate
dataset (Abatzoglou et al., 2018). For each month between 1985 to 2015, a spatially averaged value
of P, PET, AET, Q was used for each wetlandscape as inputs for the hydrologic model.

Given that both Qin and Qout are unknowns in Eq. 3.3, we used the gridded runoff data (mm/month)
from the TerraClimate dataset and several assumptions to estimate them (Figure 3.1). First, we
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assumed a catchment area to wetland area ratio of 8.2 based on the geometric mean of 33,000 wetland
catchment delineations conducted by Wu and Lane (2017), and estimated Qin’ (m3/month) as the
product of Q from the TerraClimate Dataset and the catchment area of the wetland. We estimated
changes in the wetland inundated volume (dV) for each wetland and for each month from the satellite
data. For each monthly timestep, when the total water inputs to the wetland was greater than the
observed change in volume (Qin’+(P - ET)*SAmax ≥ dV/dt), outflow was estimated as the difference
between the total water inputs and the change in volume (Qout = (Qin’+(P - ET)*SAmax – dV/dt) and
Qin was assumed to be equal to Qin’. Conversely, when the total water inputs are less than the
observed change in water volume (Qin’+(P - ET)*SAmax < dV/dt), and Qout was assumed to be zero
while Qin’ was increased to meet the observed change in volume (see Figure 1). These estimates are
of course uncertain, and can be refined using better site specific information. However, our goal was
not to develop an exact model for a particular landscape, but rather to explore how consideration of
inundation dynamics can alter N retention patterns in these small, ephemeral wetlands across the
landscape.

We assumed the concentration Cin to be temporally invariant to better isolate the effects of hydrologic
variability on N retention within the wetland. We did consider Cin to vary as a function of wetland
size, given that small wetlands are often located in upland areas adjacent to nitrogen sources (e.g.
agricultural land) and intercepts the highest concentrations of N (Arheimer and Wittgren, 2002),
whereas large wetlands intercept larger areas with more dilute concentrations. Here, we used a
concentration of 30 mg/L for Cin of the smallest wetlands and the largest wetlands receiving 0.3
mg/L, and a linear interpolation on a logarithmic scale to determine the input concentrations across
wetland sizes. It should be noted that the relative N retention of a wetland, which is the focus of this
study, is actually independent of the input concentration when Cin is temporally invariant. In reality,
the chemodynamic relationship between Cin and the flow Q can vary between landscapes and over
time (Musolff et al., 12/2015), and future work should focus on quantifying how these dynamics
impact N retention.

The coupled hydrologic and N retention model (Equations 3.1 and 3.3) were numerically solved
with the forward Euler method using a daily time step to ensure model stability for each wetland and
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year. To accommodate the smaller time step, linear interpolation was used to convert the wetland
volume time series to a daily time scale; similarly, the monthly fluxes from the TerraClimate dataset
were assumed to be constant over the month.

Figure 3.1 Hydrologic and N retention modelling. A coupled hydrologic-nitrogen retention model
was used to estimate 30 years of N retention dynamics of all identified GIWs across the
wetlandscapes.

3.2.3 N Retention under Steady and Transient Scenarios
We modeled each of the 3698 wetlands in the eight wetlandscapes ranging for all available years,
with a total of 16,362 wetland-years modeled. As there was a significant amount of hydrologic
variability between years, we did not temporally aggregate the results, and the subsequent analyses in
this study are based on wetland-years of data. The percent N retained for each wetland-year was
calculated by normalizing the N mass retained (from solving Eq. 3.1) by the N mass input to the
wetland. For analyses relating to wetland size, each wetland year was assigned to a size bin based on
the observed maximum annual wetland area for that year, with the wetland size bin increasing in
increments of 0.5 on a logarithmic scale (i.e. 102.5-103, 103-103.5, etc.). To compare the results from
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our transient model to typical steady state, flow-through wetland models used in other watershed
scale studies, we estimated the fractional nitrogen retention Rss using a common first-order retention
model for lentic water bodies under well-mixed conditions (Vollenweider, 1975):
Rss = kτss / (1 + kτss )

(3.3)

where k is the same first order effective retention used in Eq 3.1 and is a function of wetland area,
and τss is the hydraulic residence time (d). The steady-state hydraulic residence time (τss, in days) was
estimated for each wetland using an empirical relationship based on a meta-analysis of lentic water
bodies: τss = 1.51 X SA0.23 (r2 = 0.4, where SA is the size of wetland (m2) (Cheng and Basu, 2017). To
compare residence times between the two flow models, an effective residence time τTS was calculated
for the transient state models using Eq 3.3, given the annual percent N retention RTS and the median N
retention rate constant k.
Finally, the Damkohler number Da (-) was estimated for the steady and transient models using Eq.
3.3, with the annual retention R where Da = kτ = τ/τreaction. The Da is a dimensionless number that
captures the chemical reaction and water residence timescales, where Da > 1 indicates that the system
is has sufficiently large residence times to allow for more nutrient retention, while Da < 1 indicates
that the water and nutrients are flowing through the system at faster timescales than the reaction
timescales and thus limiting nutrient retention (Oldham, Farrow and Peiffer, 2013).
3.3 Results and Discussion
3.3.1 Effect of flow transience on nitrogen retention in wetlands
We first explored the behavior of prairie pothole wetlands in the North Dakota region to quantify how
flow transience controls N retention. Incorporation of transient flow dynamics increased the median
estimated N retention from 44% (steady state) to 80% (transient) of the N entering the wetlands
(Figure 3.2a). When disaggregated by size, N retention increases with wetland size under the steady
state scenario, from 38% for small wetlands (102.5- 103 m2) to 50% for large wetlands (105.5-106 m2).
Interestingly, the relationship between N retention and size is reversed under the transient scenario,
with greater N retention (88%) in the smaller wetlands compared to the larger ones (71%) (Figure
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3.2b). This dependence of N retention on size and flow transience can be attributed to differences in
flow dynamics between the small and large wetlands.
Small wetlands (< 103.5 m2) in the prairie pothole region (PPR) have a median hydroperiod (time with
water in wetland) of four months (Figure 3.2c), and typically fill up during the spring freshet and dry
up over the summer months (Hayashi et al., 2016). Such seasonal wetting-drying dynamics imply that
a large proportion of water entering the wetland leaves as evapotranspiration. Our flow analysis
highlights that in these small wetlands, only 28% of the water that comes in as snowmelt or runoff
actually leaves as groundwater or surface water outflow (Qout), while the remaining 72% of water
leaves as evapotranspiration (Figure 3.2d). This is consistent with field studies in the PPR that have
found that in small wetlands over 80% of the water can leave the system as ET, when considering
losses in both the wetland and the surrounding uplands (Sloan, 1972; Hayashi, van der Kamp and
Rosenberry, 2016). Large wetlands (> 104.5 m2), on the other hand, often have water for the entire
year, and a greater proportion of incoming water leaves as lateral fluxes (43%) compared to ET
(Figure 3.2d). The greater proportion of ET in small wetlands most likely contributes to a more
terminal behavior for N retention in these small ephemeral systems.
To explore the effect of downstream disconnectivity, we compared the residence times and retention
rate constants in small and large wetlands as a function of flow transience. Empirical studies have
highlighted that the N retention rate constant k increases with decreasing wetland size (Eq. 3.2), and
this occurs due to a greater reactive surface area per unit volume for smaller wetlands (Cheng and
Basu, 2017). As a small wetland dries up over the course of a season, the reactive surface area to
volume ratio increases, and this can increase the retention rate constant even further. Residence times
are also a function of wetland size and flow transience. For the steady state assumption, residence
times increase as a function of wetland size (Cheng and Basu, 2017), and the combined effect of a
negative k-SA and a positive τ-SA relationship contributes to an increase in the percent N retention
with increasing size (Figure 3.2b). Transient systems are more complicated since a large proportion
of the water entering the system might only leave the system through evapotranspiration, implying
that the N is retained within the system in the vegetation. Thus, water residence time is different from
the nitrogen residence time. We estimated the effective nitrogen residence time (Figure 3.2e) in the
transient scenario by using the removal efficiency estimated from the transient model (Figure 3.2b)
and the k-SA (Eq. 3.2) relationship. The effective residence time in the transient scenario is greater
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than the steady state scenario, and the τ-SA relationship shows a unique U-shaped behavior, with the
smallest and largest wetlands having the largest effective residence times. While residence times in
larger wetlands are larger because of their larger volume to lateral outflow flow ratio, residence times
in smaller wetlands are larger under the transient scenario due to the terminal nature of their flow
dynamics. Indeed, median residence times in the smaller wetlands are ~60 days which corresponds to
the smaller hydroperiods of these systems (Figure 3.2c), such that water that enters only leaves
through ET, and the nitrogen is retained within the vegetation. Effective residence times in these
small, ephemeral systems can be 20 times greater than under steady state assumption, while the
residence-times ratio between the transient and steady state scenarios for the larger wetlands are ~1
(Figure 3.2f).

Figure 3.2 Size dependent relationships of wetland behavior in North Dakota. Distinct patterns
of N retention were observed across wetland size and flow assumption: a) Percent N retention of all
GIWs in landscape; b) Percent N retention of GIWs grouped by size. Differences in N retention were
driven by differences in hydrologic behavior, and summarized in the following metrics: c)
Hydroperiod; d) Flow partitioning of hydrologic inputs (P and Q ) leaving wetland as lateral outflows
(Q ) and ET; e) Effective residence time (τ); f) Ratio of modeled transient hydraulic residence time
(τ ) to steady-state hydraulic residence time (τ ). The box extent and horizontal lines in 2a show the
interquartile range and median, with the whisker showing the maximum/minimum values. The
in

out

TS

SS
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bounds in figures 2b to f show the interquartile range and the inner point is the median value of the
results.
3.3.2 Effect of climate variability and inundation dynamics on N retention
To further explore the impact of hydroclimatic variability on wetland N retention, we expanded the
analysis from North Dakota to seven other wetlandscapes across the US. We found wetland
inundation dynamics to be strongly driven by climate and wetland size. In the semi-arid prairie
pothole pothole region (PPR) of North Dakota (aridity index AI = 2.31), wetlands are frozen during
the winter months and have peak inundation levels in April (Figure 3.3a and 3.3b). This behavior is
typical of snowmelt driven systems like the basin wetlands of Minnesota, prairie potholes in North
Dakota and Nebraska Sandhills (Park et al., 2022). The climate drivers are further modified by
wetland size, where small wetlands in the PPR typically fill up during the spring snowmelt and dry up
over the summer months (Figure 3.3a) while large wetlands often lose only a smaller proportion of
their total volume during summer and never completely dry up (Figure 3.3b). This is in contrast to
wetlands in the more rainfed, humid systems like the pocosins in North Carolina (AI = 1.23), have
water for most of the year in both small and large wetlands, albeit the smaller wetlands have greater
drawdown magnitude compared to its volume (Figure 3.3c and Figures 3.3d).

Figure 3.3 Regime curves of volume for example small (maximum area between 10 to 10 m ) and
large (10 to 10 m ) wetlands in North Dakota and North Carolina. The black lines are median
volumes for the period of record, the blue bands show the 25 -75 percentile, and the gray band shows
the 5 -95 percentile. The maximum area of the individual wetlands is indicated in the figure.
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This pattern is consistent across the hydroperiods in all eight wetlandscapes (black lines in Figure
3.4), with smaller wetlands in semi arid landscapes (regions with AI > 2, i.e. TX, NE, CA, ND) being
more ephemeral (shorter hydroperiods), while humid landscapes have a greater proportion of more
permanent wetlands. For example, the median hydroperiod for the largest size class (105 - 105.5 m2) in
the Texas playas (aridity index = 4.71) is 6.8 months, while for the more humid North Carolina
wetlands (AI = 1.23), the median hydroperiods for all wetlands > 103.5 m2 is one year, indicating that
a greater proportion of the wetlandscape is composed of more permanent wetlands.

Figure 3.4 Differences in hydrologic behavior across wetlandscapes are apparent in the hydroperiod
(black points) and partitioning of hydrologic inputs as outflow (blue bars) and ET (light green bars)
and cause variability in the modeled transient N retention (yellow points). The N retention using the
steady-state assumption is shown as the red points. Map inset shows the locations of the
wetlandscapes, with the colored points indicating the ratio of the median transient and steady state N
retention.
50

Evapotranspiration dominates the water partitioning in the semi-arid wetlandscapes (regions with AI
> 2, i.e. TX, NE, CA, ND), and typically accounts for greater than 50% of the incoming water (green
bars in Figure 3.4), with smaller wetlands having a greater proportion of ET fluxes. For example, ET
loss accounted for 68% of the inflows in the small playas in Texas, but only 48% of the inflows for
the larger playa wetland. More humid regions with aridity indices closer to 1 (FL, GA, NC, MN) have
a greater proportion of lateral fluxes compared to ET, and no discernible flow partitioning differences
with wetland size (Figure 3.4). These wetlands may have extended periods when inflows to the
wetland exceed evapotranspiration and allow for more continuous surface outflows regardless of
wetland size.
Finally, these differences translate to different patterns of N retention. While for most wetlands, the
transient assumption leads to greater estimated N retention compared to the steady state assumption,
the difference is greater for the semi-arid wetlandscapes, like the prairie potholes in North Dakota
compared to the more humid wetlands in Georgia (Figure 3.4). Overall, N retention percentages for
the semi-arid systems are 1.63 to 1.82 times greater in the transient compared to the steady state
scenario, while for the humid systems N retention is only 1.43 to 1.65 times greater in the transient
scenario (Figure 3.5). Of course, differences in the N retention patterns between wetlandscapes
cannot be completely explained by aridity alone. For example North Carolina and Florida wetlands
have similar AI values, but different N retention dynamics (Figure 4), and this can be attributed to
differences in temporal patterns of rainfall, as well as differences in landscape attributes that drive N
retention. While the patterns of N retention dynamics across humid and semi arid systems is
interesting, the exact magnitudes should be interpreted with caution, especially for regions with
relatively few wetlands, making the size dependent patterns less reliable. Furthermore, it is important
to note that the residence time estimation in the steady state scenario is based on an empirical
relationship, and is thus invariant across the different wetlandscapes, while the transient scenarios are
driven by the local inundation dynamics from remote sensing datasets. Despite these limitations, our
analyses highlight that small, ephemeral wetlands have a greater potential to sequester nutrients and
protect downstream waters, and this difference is more significant in semi-arid systems.
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Figure 3.5 Regional estimates of N retention across different wetlandscapes. (A) Percent N retained
in each wetlandscape. Transient flow assumptions (gold) removes more N than steady-state
assumptions (red). Bars show the median annual removal and bounds indicate the upper and lower
quantiles. Ranges shown on the yellow bars are the interquartile range estimates. (B) Damkohler
numbers of wetlands in each wetlandscape. Wetlands with Da <1 are considered to be transport
dominated, and Da > 1 to be dominated by biogeochemical processes.

3.4 Summary and Conclusions
The ability of wetlands to retain excess nutrients and protect downstream waters is a function of their
hydrologic dynamics that drive nutrient inputs and processing rates. There is currently a lack of
understanding on how temporal hydrologic dynamics drive nutrient retention patterns in wetlands
across large spatial scales. Here, we develop a novel methodology to connect satellite-driven
estimates of temporal wetland inundation dynamics to their nutrient retention potential, across
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thousands of geographically isolated wetlands (GIWs) in eight US wetlandscapes. We show how
small, ephemeral GIWs, especially in semi-arid landscapes, can be disconnected from their uplands
for parts of the year due to high evapotranspiration rates, and this disconnectivity increases nitrogen
retention time and retention potential. Indeed, when transient dynamics are considered N retention
potential can increase by 1.8 times in semi-arid wetlandscapes in the prairie potholes in North Dakota,
or the Texas playas, while consideration of transient dynamics only contributed to 1.5 times increase
in nutrient retention in the more humid wetlands like the pocosins in North Carolina.
Our study has a few key novel aspects. From a methodological perspective, our work demonstrates
the first use of remote sensing data in wetlands across thousands of wetlands for water quality
modeling. As such datasets are becoming more common, future research can refine such
methodologies and also provide more validation using site specific datasets. From a wetland
management perspective our work highlights how the disconnectivity of the wetlands is critical to
maintain the integrity of downstream waters -- the steady state assumption captures the behavior of a
wetland with a constant, continuous connection to downstream waters, while the transient assumption
highlights the potential for intermittent connections to downstream waters that is characteristic of less
modified landscapes, and this disconnectivity increases the N retention potential, especially for the
smaller, ephemeral wetlands.
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Chapter 4
Nevertheless, they persisted: Can hyporheic zones
increase the persistence of estrogens in streams?
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Chapter 4 Abstract

The presence of estrogens has been linked to adverse ecological effects in surface waters
downstream of agricultural and domestic wastewater sources. While laboratory studies
suggest that these estrogens should not persist because of fast degradation rates, elevated
concentrations in surface waters impacted by agricultural activities are commonly observed.
Using a combination of measured data and a stream-hyporheic zone (HZ) model applied to a
100 km reach in a tile-drained catchment, we show that the HZ can increase the persistence
of estrogens. Field data reveal high concentrations of sorbed estrogens in sediments and
elevated in-stream concentrations during low-flow summer months, suggesting that the HZ
acts as a source of estrogens when transport into the streams is minimal. Model results
provide further insight into the underlying mechanisms that enable sustained estrogen
concentrations in streams, with the HZ acting as a source of dissolved estrogens for 95% of
the year. We show that streamwater interactions with the HZ may lead to overall suppression
of degradation processes and an increase in the persistence of estrogens. Results suggest that
when the model considered exchange in the HZ, approximately 28-49% of estrogen mass
remained in the stream ecosystem, while all estrogen mass was degraded in a 100-km reach
in the model without the HZ. The mass remaining increased with increasing estrogen
sorption coefficient, and this would potentially increase the lag time for lowering estrogen
concentrations in surface water bodies even when inputs have ceased. Our findings highlight
the importance of including HZ dynamics in estrogen transport models.
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4.1 Introduction
Increases in the use of steroidal hormones in agricultural, urban, and industrial (e.g., land application
of manure, municipal and industrial wastewater discharge) activities (Jobling et al., 1998; Matthiessen
et al., 2006) have been implicated in the development of cancerous tumors and sex changes in fish
(Leet et al., 2011; Panter et al., 1998; Vajda et al., 2008), and even the population collapse of certain
species within aquatic ecosystems (Coe et al., 2008; Kidd et al., 2007). While early research on
hormones primarily focused on urban streams (Khanal et al., 2006; Kolpin et al., 2002; Snyder et al.,
2003), streams that drain manure-applied agricultural lands have received more attention in the last
decade (Gall et al., 2016; Lafrance & Caron, 2013; Zhao et al., 2010). Indeed, hormones are routinely
detected in the 50 million tons of animal manure produced annually in the United States (US), most
of which are applied to croplands to meet nutrient demands (USEPA, 2000). Reproductive hormones,
like estrogens, have been of particular interest due to the intensification of livestock activities, such
that naturally excreted hormones in manure from concentrated animal feeding operations (CAFOs)
are being inadvertently transported to surface and groundwater bodies (Alvarez et al., 2013; Gall et
al., 2011). Agricultural areas have been estimated to contribute more than 90% of the total estrogen
into the environment, as livestock can excrete an order of magnitude more estrogens than humans per
capita (Khanal et al., 2006; Raman et al., 2004).
Estrogen loadings from agricultural fields to surface waters are controlled by hydroclimatic
conditions (rainfall patterns), landscape characteristics (soil type, topography, presence or absence of
tile drainage, etc.), and the properties of the particular estrogen (e.g. sorption coefficients, decay
rates) (Gall et al., 2016; Khanal et al., 2006). Based on laboratory studies, most steroidal hormones
have moderately large sorption coefficients and short half-lives under aerobic conditions, typically
ranging from a few hours to a few days (Bradley & Writer, 2014; Kolpin et al., 2002; Mashtare et al.,
2013a; Ying et al., 2002; Zuo et al., 2013). This suggests that their persistence in natural
environments should be limited; however, hormones have been consistently detected in soils and
streams draining agricultural fields for extended periods of time, even long after manure application
and runoff events (Chen et al., 2010; Ciparis et al., 2012; Finlay-Moore et al., 2000; Nichols et al.,
1998; Shore et al., 1995). In fact, in a comprehensive survey across US streams, reproductive
hormones were detected in over 40% of the samples, and estrogens were the most frequently detected
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group of hormones, found in over 20% of sampled streams predominantly in urban and agricultural
areas (Kolpin et al., 2002).
This persistence of estrogens in streamwater, despite their fast decay rates, highlights the importance
of the interactions of anthropogenic inputs of estrogens with natural hydrologic and biogeochemical
processes that can lead to the observed estrogen persistence. For example, Gall et al. (2016) sought to
explain higher than expected estrogen loads observed at a tile-drained agroecosystem in the
Midwestern US by accounting for the application history of the site and modeling the estrogen
accumulation in agricultural soils by considering two decades of manure application. Several field
studies have also observed elevated concentrations of estrogen in agricultural streams months after
the last manure application (Kjaer et al., 2007; Schoenborn et al., 2015), with some hypothesizing that
elevated concentrations were attributed to estrogens desorbing from the streambed sediment. For
instance, Zhang et al. (2015) found evidence of endocrine disruption in fish that were chronically
exposed to hormones that desorbed from contaminated sediments in agricultural streams. Kolok et al.
(2014) provided a conceptual model that described the accumulation and depletion of biologically
active compounds like estrogens from sediments in agricultural streams, with streambed sediment
acting as a contaminant source during low-flow conditions when the water column is generally
“clean”, and acting as a sink during high-flow conditions when the water column has contaminants
generated during surface runoff events.
While the dual role of the sediments as a source and sink has been demonstrated for nutrients (eg.
Schindler & Krabbenhoft, 1998, Zarnetske et al., 2012), there has been little focus on how the sourcesink behavior modifies the spatiotemporal persistence of hormones that have been transported to
agricultural streams in tile drainage and surface runoff. Indeed, most available stream models used to
conduct risk assessments of hormonal compounds do not account for this dynamic source-sink
behavior of sediments (Anderson et al., 2012; Arlos et al., 2018; Green et al., 2013; Hannah et al.,
2009; Klein, 2004; Williams et al., 2009; X. Zhao & Lung, 2017). One of the only exceptions to this
is a modeling study of trenbolone by Ward et al. (2015), where the authors explored how the daynight cycle and interaction with the hyporheic zone (HZ) limited the photodegradation process and
consequently led to the persistence of trenbolone in streams at the sub-daily timescale. Thus, there
still exists a considerable gap in our understanding of how the unique physicochemical properties of
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these nutrients and hormonal compounds contribute to their persistence at different timescales (hourly
to decadal). We further argue that the lack of consideration of bi-direction exchanges with the
hyporheic zone in most stream models (e.g. the PhATE and GREAT-ER models, c.f. Hannah et al.,
2009) can lead to an underestimation of the possible persistence of these estrogens.
The goal of our study is to address this knowledge gap by focusing on the following questions: 1)
How do the source-sink dynamics due to the presence of the HZ affect in-stream estrogen
concentrations?; 2) Can consideration of HZs in a model explain the persistence of estrogens in
stream ecosystems at seasonal and annual timescales?; and 3) How does the potential for estrogens to
sorb to the sediment impact their spatial and temporal persistence in the stream network? Our central
hypothesis is that persistence of estrogens in the stream network can occur due to exchange of
estrogens between the streamwater and the hyporheic zone.
Here, we use a combination of data analysis and modeling to understand the role that exchange
dynamics in the hyporheic zone may play in explaining the observed persistence of hormones in a
tile-drained agricultural catchment in the Midwestern US. The estrogens considered are estrone (E1),
and estradiol (E2), both of which are excreted naturally by livestock. E2 is considered to be the more
potent estrogen, and is approximately three times more estrogenic than E1 (Thorpe et al., 2003). E2
has two isomers, 17α- and 17β-estradiol, and degrades to E1 which can further break down into
estriol (E3) through aerobic degradation or photodegradation (Adeel et al., 2017; Campbell et al.,
2006; Ying et al., 2003). Under anaerobic conditions, however, it has been shown that E1 can be
converted back to the more potent estrogen E2 (Mashtare et al., 2013b; Prater et al., 2015). This could
lead to an increase in the persistence of E2 under anaerobic streambed sediment conditions. We
model both forward and backward reactions between E2 and E1 to understand the persistence of
hormones.

4.2

Methods

4.2.1

Field Study and Data Collection

The field data used in this study were collected at Purdue University’s Animal Science Research and
Education Center (ASREC) located in West Lafayette, Indiana. This field site is a designated CAFO,
with more than 6000 livestock units (beef and dairy cattle, poultry, sheep, and swine) and a working
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farm comprised of 600 hectares of tile-drained cropland. Although waste management varies by
livestock type, the manure from the livestock is generally flushed into a series of primary and second
lagoons. Effluent from the lagoons is then land-applied to cropland via solids broadcasting, pivot
irrigation, or subsurface injection. Previous work at this site has shown that hormones present in landapplied residuals enter nearby receiving ditches through both tile drainage and surface runoff
pathways (Gall et al., 2011).
The data used in this study included sub-daily flow (15-minute) and in-stream estrogen concentrations
previously collected at ASREC to characterize hormone dynamics (Gall et al., 2011). Multiple tile
drain and drainage ditch locations at the ASREC site have been monitored for flow and sampled for
estrogens and nutrients, with the results previously published (Gall et al., 2011, 2015, 2016). For this
study, we focused on the water samples collected in one tile drain that fed into the ditch network and
one ditch location 1.5 km downstream of the tile drain between January and December in 2009
(locations D3 and S2 in Gall, 2011). This pair of sampling locations were selected to minimize the
number of contributing ditches that fed into the network. At both stations, an automated sampler
collected 1 L water samples to span both base flow and the rising/recession limb of storm
hydrographs (Gall et al., 2010). A total of 555 water samples from the tile drain and 432 from
downstream were taken throughout the January-December 2009 sampling period. Concentrations of
both E2 isomers (17α- and 17β-estradiol) and E1 were then determined through mass spectrometry
analysis from the water samples. We consider the sum of 17α- and 17β-estradiol concentrations as
total E2 concentrations. Additional sediment samples were collected at 14 locations along the ditch
network, and sorbed estrogen concentrations were determined by mass spectroscopy using sediment
samples collected in May and August of 2009. Full sampling and experimental methodology of instream samples is described by Gall et al. (2011) and sediment sampling by Mashtare (2013). Note
that values below the limit of detection from the mass spectroscopy analysis were treated as zero
concentration in the samples, and values between the limits of detection and quantitation (LOQ) were
replaced with LOQ/√2 (Succop et al., 2004), where LOQ is used to describe the lowest concentration
of an analyte that can be reported with a degree of confidence specified by the equipment and quality
control protocol.
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4.2.2 Model Formulation and Simulations
To quantify the role of the HZ in increasing the persistence of estrogens, we conducted numerical
simulations of estrogen transport in a stream-hyporheic system, with and without the presence of the
HZ (Figure 4.1). We use the term stream and ditch interchangeably in this paper since porewater in
the ditch sediment interacts with the ditch water similar to a stream-hyporheic system, and the model
we use is what is traditionally used for a stream reach. In fact, in low land agricultural areas, with
significant density of tile drains, ditches and streams, the boundaries between ditches and streams is
often unclear (Biggs et al., 2017; Clifford & Heffernan, 2018).

Figure 4.1 Modeling framework depicting physical (purple arrows) and biogeochemical (orange
arrows) fluxes between the main channel (MC) and the hyporheic zone (HZ). Case 1 illustrates the
forward degradation of E2 to E1 in aerobic conditions and the degradation of E1 to E3 (Equations 3a
and 4a) while Case 2 shows the reversion of E1 back to E2 in anaerobic conditions (Equations 3b
and 4b).

Our model formulation is based on the One-Dimensional Transport with Inflow and Storage (OTIS)
model that has been extensively used to quantify tracer and contaminant transport along stream
networks (Bencala & Walters, 1983; Boano et al., 2014; Runkel, 1998). The OTIS model
conceptualizes the HZ as a well-mixed reservoir of finite size (transient storage zone) that is
connected to the main channel, and temporarily holds the solute, thereby delaying its downward
transport for timescales longer than can be captured by processes of advection and dispersion
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(Runkel, 1998). Water and solute exchange between the water column and the transient storage zone
is described using a bi-directional first order mass exchange term (with constant α, time-1) that is a
lumped representation that describes various complex environmental transport processes between the
main stream channel and transient storage zones, including hyporheic exchange (Bencala et al.,
2011).
We modified the OTIS model in two specific ways to capture the complexity of processes that are
specific to hormone transport in small streams draining agricultural landscapes. First, these streams
have high concentrations of suspended sediments (Sassman, 2014; Hodaj et al., 2017), and these get
entrapped in the streambed during advective transport of streamwater into the HZ, contributing to
high estrogen concentrations in the sediments. Indeed, we found that consideration of an entrapment
flux was critical to build up the observed estrogen mass in the sediment. We model this sediment flux
as a unidirectional mass exchange process between the main channel and the transient storage. Note
that this process represents a combination of net settling (settling - resuspension) of sorbed estrogens
and entrapment of fine sediments as water carrying the sediments enters the HZ.
We next modified the OTIS model by considering two interacting species E2 and E1, following Ward
et al. (2015). The main biogeochemical processes simulated in our model are the decay of E2 to E1
and E1 to E3 (both in the water column and the porewater of the HZ), and sorption to sediments.
Additionally, we also separately simulated the reverse transformation of E1 to E2, a process that has
been demonstrated to occur in anaerobic sediments (Prater et al., 2015). We modeled E2 as the
aggregated concentrations of 17α- and 17β-E2, since the two isomers behave similarly in the
environment (Adeel et al., 2017). Although we modeled both E2 and E1, we focused our analyses on
E2 since it is the more potent estrogen (Thorpe et al., 2003).
The following system of coupled partial differential equations were used to describe the stream
(Equations 4.1 and 4.2) and the HZ (Equations 4.3 and 4.4) processes for E2 and E1 (Liu et al.,
2019; Ward et al., 2015). Two alternate pathways, which have been both observed in natural systems
are simulated separately in the HZ as end-member scenarios: Case 1) degradation of E2 to E1 and E1
to E3 (Equations 4.3a and 4.4a respectively); Case 2) transformation of E1 to E2 (Equations 4.3b
and 4.4b respectively). We define the main channel (MC) as the streamwater and the stream sediment
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interacting with the MC as the hyporheic zone (HZ). The evolution of dissolved MC concentrations
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The differential equations representing the reverse reactions in the HZ (Case 2) are:
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where v is the average velocity in the channel (m/d), D is the dispersion coefficient (m2/d), α is the
#$
mass exchange coefficient between the channel and hyporheic zone (1/d), 𝑘!"
is the rate constant of

the E2 to E1 degradation pathway in the main channel (1/d), ksed is the net fine sediment flux that
includes settling, resuspension and entrapment of suspended solids (1/d), S is the concentration of
suspended solids in the water column (kg/L), Kd,E2 and Kd,E1 are the sediment-water partition
coefficients of E2 and E1 respectively (L/kg), kE1,F is the rate constant for the forward decay pathway
of E1 to E3 (1/d), kE1,R is the rate constant for the reverse pathway of E1 to E2 (1/d), A/As is the ratio
of the cross-sectional area of the main channel to the sediment (m2/m2) and RE2 and RE1 are the
retardation factors for E2 and E1, defined as R = 1 + (ρb/n)Kd (-). βE2 and βE1 are conversion factors
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that quantify the dissolved fraction of E2 and E1 in the water column in the main channel, where β2 =
(1 +Kd,E2S) and β2 = (1 +Kd,E1S).
The above set of equations were discretized spatially using a finite volume approach and solved
numerically with the Crank-Nicolson scheme in MATLAB, with spatial steps of 200 meters and
temporal steps of 0.01 days, that were chosen to ensure numerical stability of the model. Each control
volume was assumed to be well-mixed and all parameters (such as velocity, chemical properties, etc.)
were considered to be spatially homogenous throughout the model space to ensure model stability.
The total modelled stream length of 75 km was chosen to be much longer than the modelled stream
lengths to avoid numerical artefacts with boundary conditions.
4.2.3

Model Parameters, Inputs and Outputs, and Calibration Methodology

Model parameters were estimated using a combination of literature review, site specific information
and manual calibration (Table 4.1). Flow measurements were taken at the site and converted to
average velocity values based on site-specific flow-velocity relationships (Supporting Information
in Appendix B) (Sassman, 2014). The median velocity was estimated to be 20 km/d during the lowflow period and 35 km/d during the high flow period from measured field data. Because the other
physical parameters of the model - the dispersion coefficient (D), mass exchange coefficient (a), and
ratio between the stream and HZ cross-sectional areas (A/AS) – are difficult to fully parameterize at
any site due to their dynamic nature (Marion et al., 2003; Kerr et al., 2013), these values were
constrained by a range of literature values of small first-order streams, and then further calibrated
within these ranges to best fit the data. Further details on the calibration methodology provided later
in the section.
The degradation of E2 and E1 can occur via biotic (aerobic degradation) (Bradley et al., 2009; Lee &
Liu, 2002) or abiotic (photodegradation) (Chowdhury et al., 2010; Lin & Reinhard, 2005; Zuo et al.,
2013) pathways. In our model, we assumed that photodegradation and biodegradation occurred in the
main channel, while only biodegradation occurred in the HZ. The range of biodegradation rate
constants (kMC,bio for E2 and E1) were derived from experimental incubation studies from samples
collected at the site (Table 4.1) (Mashtare et al., 2013a; Mashtare et al., 2013b), while
photodegradation rate constants (kMC,photo for E2 and E1) were obtained from literature values (Adeel
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et al., 2017; Lin & Reinhard, 2005). The total degradation rates in the main channel (kE2,MC and kE1,MC)
is the sum of the biodegradation and photodegradation rate constants and was calibrated as an
effective parameter that is constant in time as there was insufficient data to capture time-varying
rates.
Although suspended sediment concentrations can vary greatly over the year, we calibrated our model
to obtain an effective annual value within the bounds of likely values using limited data measured at
our study site and a nearby agricultural ditch (Sassman, 2014; Hodaj et al., 2017). Sorption of E2 and
E1 to suspended sediments in the water column and bed sediments in the HZ was assumed to occur
via linear, reversible sorption processes, with a range of values for the partition coefficient Kd (L/kg)
(Lee et al., 2003; Mashtare et al., 2011). The range of partition coefficients for E2 were based on a
combination of previously determined parameters using experimental geochemical data derived from
samples at the ASREC field site and soils from other agricultural sites (Mashtare, 2013). The range of
partition coefficients for E1 was based on literature values as there was insufficient data from the
ASREC field site (Chen et al., 2012; Gall et al., 2016). Given the significant uncertainty in estimating
site-specific rate constants, we used the range of partition coefficients for model calibration (Table
4.1), and the best fit parameter set was used in our simulation scenarios. Although settling of
suspended sediments can be a significant flux of E2 and E1 from the main channel to the HZ,
suspended sediment concentrations were not measured routinely at the site. We thus estimated it by
calibration, and the range of values for calibration (see Table 4.1) was based on sporadically
measured data at the site (Sassman, 2014; Hodaj et al., 2017). The unidirectional sediment flux
constant ksed is a lumped term that encapsulates the sediment settling and resuspension process as well
as the entrapment of fine sediments as streamwater flows through the HZ. Since ksed is an effective
term that represents multiple processes, we used settling constants (ksettling = settling velocity/depth)
from literature as an initial starting point for ksed, then further refined the value through model
calibration to capture the additional effect of entrapment of fine sediments (Table 4.1).
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Table 4.1 Parameters used for model calibration, and final calibrated values
Parameter

Variable

Range

Calibrated
Value

Units

Source

D

1.9-250

8.6

m2/s

a
A/As

0.4-48
0.1-1.4

1.5
1.4

1/d
-

1100-1500
0.3-0.5

1300
0.4

kg/m3
-

(Deng et al., 2002; Runkel,
1998)
(Battin et al., 2008)
(Bencala & Walters, 1983;
Stewart et al., 2011)
(Gall et al., 2016)
(Gall et al.. 2016)

0.25-8.3
(photo)
0.2-3.2 (bio)

2.5 (total)

1/d

0.22-10 (photo)
0.4-5.0 (bio)

12 (total)

1/d

Reaction Rates (Hyporheic Zone)
E2 to E1 in HZ
kE2,HZ

0.2-3.2

0.9

1/d

E1 to E3 in HZ

kE1,HZ,F

0.4-5.0

0.4

1/d

E1 to E2 in HZ

kE1,HZ,R

0-0.15

0.06

1/d

S

1-1436

260

mg/L

(Sassman, 2014*; Hodaj et
al., 2017)

ksed

0.08 -1800

180

1/d

Range initially estimated as
settling velocity/depth (Haan et

Partition Coefficient of E2
Partition Coefficient of E1

Kd,E2
Kd,E1

3-102
12-67

75
65

L/kg
L/kg

al., 1994; Liu et al., 2018)
(Mashtare, 2013*)
(Chen et al., 2012; Gall et al.,
2016*)

Retardation factor of E2 in
HZ

RE2

14-443

326

-

Calculated using R = 1 + (ρ /n)K

Hydrological Transport
Dispersion coefficient in main
channel
Mass exchange coefficient
Ratio of stream/HZ areas

Soil bulk density
ρb
Porosity
n
Reaction Rates (Main Channel)
E2 to E1 in MC
kE2,MC
(total = photodegradation +
biodegradation)
E1 to E3 in MC
(total = photodegradation +
biodegradation)

Solid Phase Parameters
Suspended solids
concentration in MC
Net sediment removal rate
constant

kE1,MC

Retardation factor of E1
RE1
53-291
282
in HZ
* Previously determined site-specific parameters at ASREC field site

(Photo: Adeel et al., 2017;
Lin & Reinhard, 2005; Bio:
Jürgens et al., 2002;
Mashtare et al., 2013a*)
(Photo: Adeel et al., 2017;
Lin & Reinhard, 2005; Bio:
Jürgens et al., 2002;
Mashtare et al., 2013a*)
(Jürgens et al., 2002;
Mashtare et al., 2013a*)
(Jürgens et al., 2002;
Mashtare et al., 2013a*)
(Zheng et al., 2012; Mashtare
et al., 2013b*)

b

d

-

To determine how E2 accumulation in the sediment could be affected by changes in the model
parameters, we performed a one-at-a-time sensitivity analysis by perturbing each parameter
systematically by ±10% (Table S1 in Supplementary Information in Appendix B) (Pianosi et al.,
2016). We found that the ratio of the stream-HZ areas (A/As) and the physical transport parameters
were the most important (stream velocity, and mass exchange). Among the biogeochemical
parameters, the partition coefficient Kd plays a major role in controlling the amount of estrogen that
accumulates in the HZ, where a 10% increase leads to a 0.9% increase in E2 mass.
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Flow and estrogen concentration data measured at the tile outflow (location D3, Section 2.1) were
used as model input, while the same measured at the ditch location S2 was used as the model output.
The model was initialized by running it until the model reached a pseudo-steady state such that there
was no net accumulation in the sediments in the subsequent years. After initialization, the model was
calibrated to monthly aggregated E2 and E1 loads in the ditch, as well as E2 and E1 concentrations
measured in the ditch sediment. The metrics percent bias (PBIAS) and r2 between modelled and
measured loads was used for calibration. PBIAS is calculated as [Σ(Lsim-Lobs) / Σ(Lobs)]* 100%, where
Lsim is the simulated monthly load from the model and Lobs is the observed monthly load from the field
data. A sequential calibration method was used where E2 in water column and sediment was
calibrated first, followed by calibration of E1.

4.2.4 Simulation Scenarios
There are two sets of scenarios that were simulated using the calibrated model to understand the role
of the HZ in increasing the persistence of estrogens in the stream ecosystem. We developed models
with and without the HZ to isolate the role of the HZ in increasing estrogen persistence. In the first set
of scenarios (Scenario 1) we focused on degradation pathways in the HZ, and quantified the mass of
estrogens left behind in the stream-sediment system given: (a) Case 1: calibrated model with decay of
E2 to E1 to E3 in the HZ (decay rates estimated by model calibration), which is assumed to occur
under aerobic conditions; and (b) Case 2: reverse transformation of E1 to E2 in the HZ, which is
assumed to occur only under anaerobic conditions. Local conditions in the streambed would
determine which pathway is active – given such data was not available at our site we evaluated the
impact of both pathways in E2 persistence.
The second set of scenarios (Scenario 2) included exploring the effect of variability in the sorption
coefficient Kd and the retardation factor R on the persistence of estrogens. To do this, we varied the
retardation factor for E2 by using a range of Kd values (4.4-102 L/kg) based on data collected at the
site (Mashtare, 2013). We further held the ratio between the retardation factors of E2 and E1 constant
at 1.3, which was the calibrated ratio from Scenario 1a above. A constant ratio is a reasonable
assumption, given that differences in retardation factor between sites can be expected to arise due to
local sediment characteristics that will most likely affect E2 and E1 similarly. Further, this
assumption allows us to isolate the effect of changing the magnitude of the R, while holding the
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relationship between the two chemicals constant. We defined two metrics to describe the spatial and
temporal persistence of hormones: (1) the Spatial Zone of Influence (SZOI) is defined as the
longitudinal distance along the stream over which water column concentrations are decreased to 95%
of the input, and the (2) Temporal Zone of Influence (TZOI) is the time it takes for the reach to flush
out 95% of the input mass after input loading has ceased. We quantified how SZOI and TZOI change
across a continuum of retardation factors.

4.3 Results and Discussion
4.3.1 Seasonal Source-Sink Dynamics of the Hyporheic Zone: Analysis of Field Observations
We compared previously published E2 and E1 concentrations at a single tile drain and ditch location
at the ASREC site to understand the downstream propagation of the input pulse from the tile to the
ditch location (Figure 4.2a-d) (Gall et al., 2011). We separated the year into a low-flow period (July
to mid-October) and a high-flow period (mid-October to June), based on an analysis of the flow
duration curves at the tile and ditch locations that highlighted significantly greater flows (Wilcox rank
sum test, p < 0.001) during the high-flow period (median flow of 0.67 m3/min with an interquartile
range (IQR) of 0.35 to 1.44 m3/min) compared to the low-flow period (median flow of 0.004 m3/min,
IQR of 0 to 0.075 m3/min) (Figure S1 in Supporting Information in Appendix B).
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Figure 4.2 Time series of flow and estrogen concentrations of a) E2 in the tile drain and b) E2 in the
ditch; c) E1 in the tile drain and d) E1 in ditch. Separation of high and low flow periods are based on
mean discharge (see Figure S1 in Supporting Information). Exceedance probability plots in tile and
ditch for e) E2 and f) E1 in the high- and low-flow period (data from Gall 2011, 2013, 2015).
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Aqueous E2 concentrations observed in the tile drain were greater during the high flow period (mean
E2 concentration = 0.71 ng/L) compared to the low flow period (mean E2 concentration = 0.50 ng/L)
(Figure 4.2e), with storm events mobilizing estrogens that had been introduced to the field during
irrigation events. In contrast to the tile response, however, ditch E2 concentrations were observed to
be higher during the low flow period compared to the high flow period (Figure 4.2e). No major
surface runoff events were observed during the low flow period (July to October) that could have
mobilized hormones and contributed to the consistently higher E2 concentrations. We further found
that during the high flow period, aqueous E2 concentrations in the ditch water were lower than the
concentrations in the tile drain and this could potentially be attributed to the HZ in the ditch acting as
a sink and/or dilution of the ditch flow due to surface runoff events. In contrast, during the low flow
period, E2 concentrations in the tile water were lower than concentrations in the ditch water,
indicating additional sources of hormones to the ditch. The two other possible sources are (a)
desorption from bed sediments, and (b) flow into the ditch section from other tile drains or
groundwater flow. It is unlikely that hormone concentrations in groundwater would be high given the
high retardation factors in the upland soil matrix – consequently, most estrogens should be relatively
immobile in the soil due to sorption (Gall et al., 2016). Thus, desorption from sediments in the ditch
is the most likely reason for higher ditch concentrations in the low-flow period and warrants further
investigation with modeling. The sorbed concentrations in the ditch sediment during the low-flow
period (Mashtare, 2013) were also fairly high (median of 0.10 μg/kg of E2 and an interquartile range
of 0.04 to 0.17 μg/kg), thus confirms the potential for the sediment to act as a source of E2 to the
streamwater (Kolok et al., 2014).
E1 concentrations observed in the tile drain and the ditch during the high and low flow periods are
more difficult to interpret because of the transformation of E1 from E2 (Figure 4.2f). In the high flow
periods, tile concentrations were observed to be greater than the ditch water concentrations, which are
similar trends to those that were observed for E2. However, in contrast to E2, E1 concentrations
during low flow periods were observed to be higher than the concentrations during high flow periods,
in both tile and ditch waters, possibly due to the greater residence times in the tile and ditch during
the low flow periods, allowing more decay from E2 to E1.
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To summarize, our data analysis suggests the possibility that streambed sediments may act as a
potential source of hormones during low flow periods. Our modeling framework enables us to explore
the extent to which observed estrogen chemodynamics can be explained by the sink/source behavior
of streambed sediments. Specifically, we will use the model to explore how the streambed can act as a
sink when in-stream concentrations are high and as a persistent source when in-stream concentrations
are low, as described in the conceptual framework by Kolok et al. (2014).

4.3.2

Model Verification and Sensitivity Analysis

Prior to using the model to explore the questions outlined in Section 1, we needed to first verify if the
model broadly captured the range of behaviors observed in the data. Note that there are significant
uncertainties in the dataset, including a lack of accounting of all flows into the ditch, which made a
rigorous model calibration unfeasible. The model was able to capture both E2 loads in the water
column (PBIAS = 9% and r2 = 0.56) and the ditch sediment (PBIAS = 8.7%) (Figure 4.3a and 4.b),
as well as E1 loads in the water column (PBIAS = 94% and r2 = 0.14) and ditch sediment (PBIAS = 19%) (Figures 4.3c and 4.d). Results from January, September, and December were omitted during
model fit calculations as there was insufficient data to calculate a representative average load for the
month. Model fits were reasonable for E2 in ditch water and sediment, and for E1 in the sediment, but
poorer for E1 in the water column. We especially overestimate E1 loads in the main channel in the
winter months, and this can be possibly attributed to time varying degradation rates that was not
considered in our modelling framework. (Figure 4.3c and 4.d). There are a whole range of other
assumptions that can be attributed to the poorer fits, including temporally varying mass exchange or
biogeochemical parameters, as a function of flow and redox variations. While the model fits can be
improved with more site-specific information, the fits are reasonable compared to another study that
attempted to deterministically model estrogens at the reach or catchment scale (Green et al, 2013).
Estrogens are one of the most poorly studied compounds at the catchment scale, and future work
needs to focus on more detailed field-scale data to better constrain parameters in deterministic
models. However, given that our goal was not to develop the most detailed model of the system, but
to have the model grounded in real data so that it can be used to explore the role of the HZ in
quantifying estrogen persistence, the model was considered acceptable for this study.
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Figure 4.3 Comparison of modeled and measured data for monthly loads in the water column for a)
E2 and b) E1. Comparison of modeled and measured concentrations for sorbed c) E2 and d) E1 in the
HZ. Center of boxplots indicate median of dataset, edge of boxes indicates the interquartile range,
with whiskers showing extreme values.

4.3.3 Source-Sink Dynamics of the Hyporheic Zone
The calibrated model was then used to explore the source-sink function of the HZ as a function of
estrogen mass flux between the bed sediment and the water column. There are two fluxes that occur
between the water column and the sediment: (1) settling and entrapment of suspended sediments in
the HZ (last term of Eqs. 1 and 2) where sediment always acts as a sink, (2) aqueous mass exchange
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flux between the bed sediment and the water column (third term on the right hand side of equation 1),
where the sediment fluctuates between sink and source behavior. While the settling/entrapment flux is
considered in most watershed models (eg SWAT, (Neitsch et al., 2011)), the aqueous mass exchange
flux is generally not considered. The aqueous mass exchange flux that occurs as a function of the
concentration gradient between pore water in HZ and the main channel, is however, an important
source of estrogens especially during low flow periods when there are no landscape sources. Thus, in
this section we focused our analysis on the mass exchange flux of E2 between the main channel and
the HZ.
We find that porewater E2 concentrations are higher than main channel E2 concentrations (sediments
acting as a source) during 95% of the year (white area in Figure 4.4a and 4.b). The sediments act as
a sink only during 5% of the year and this occurs during large storm events that bring runoff and E2
contributions from the landscape (shaded areas in Figure 4.4a and 4.b). The modelled sink events
occurred during days with a higher median daily flow of 5285 L/min, compared to source periods
with median daily flow of 2165 L/min. Thus, similar to our data analysis, our model results also
suggest that the sink behavior occurs during infrequent large storm events, while the source behavior
occurs during the more frequent, baseflow conditions. During these times, estrogens sorbed to
sediments in the HZ create a persistent source that releases estrogen back into the water column
through desorption.
The magnitude of the source-sink behavior is captured in Figure 4.4b, where a negative flux indicates
that the HZ acts as a sink, while a positive flux indicates that the HZ acts as a source. The magnitude
of the exchange fluxes from the water column to the HZ during the short “sink-period” (5% of the
year) are large with peak flux values equal to 2050 ng/d/m2, and median flux equal to 222 ng/d/m2
(Figure 4.4b) This is in contrast to the long “source period” when the flux from the HZ to the
streamwater reaches a peak of 503 ng/d/m2. The large exchange fluxes into the sediment during the
“sink-period” suggest that these infrequent, but high-concentration events account for mass
accumulation in the sediments during the year (Figure 4.4c). It is important, however, to not discount
the lower, but more persistent exchange fluxes that occur during most of the year. Despite their
smaller magnitudes, these fluxes create a persistent source that can lead to chronic exposure to biota
and are thus critically important from an ecosystem health perspective (Söffker & Tyler, 2012).
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Figure 4.4 Source and sink behavior of hyporheic zone. a) Time series of simulated aqueous E2
concentrations in the main channel and sediment porewater at a cross section 20 km downstream of
the input location showing alternating source-sink behavior– shaded grey area show times during the
year when concentrations in the main channel are higher than concentration in the porewater, and
sediment acts as a sink; these sink periods are associated with higher median flows, whereas the
source periods are associated with lower medians flows. b) Exceedance probabilities of the mass
exchange flux (= (CHZ – CMC)*α*d) between the porewater and the main channel. A positive flux
implies that sediments act as a source; a negative flux implies that sediments act as a sink. Shaded
grey area shows the 5% of the year that HZ acts as sink for estrogen. Note that the magnitude of the
fluxes during the short sink period are much greater than the persistent, low fluxes during the longer
source period. The results presented are for Case 1 (E2 to E1 degradation pathway active). Model
parameters are in Table 4.1.
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4.3.4 Hyporheic zone homogenizes estrogen concentrations and increases persistence
Model simulations with and without HZ were used to quantify the role of HZ in increasing estrogen
persistence (Scenario 1). We found mean aqueous concentrations of E2, averaged across the entire
year, to decrease along the reach, as a function of decay rates of E2 and hyporheic processes (Figure
4.5a). The presence of HZ leads to an overall slower decay of concentrations since the HZ acts as an
additional source of estrogens. Note that, even in the no HZ scenario there is settling and entrapment
of suspended sediments and sorbed estrogens from the water column to the sediment. Consideration
of the HZ increases the SZOI (see Section 2.4 for definition) of E2 by 54%, from 19 to 30 km, since
the HZ acts as an additional source for hormones into the water column (Figure 4.5a). Similarly, the
presence of the HZ increases the SZOI of E1 by 79%, from 7 to 12 km.
Within-year concentration distributions at a cross section 20-km from the inlet also highlight the
effect of the HZ. Specifically, we find that the HZ homogenizes the distribution of E2 concentrations
in the stream (Figure 4.5b) by decreasing peak concentrations by 30% from 0.73 to 0.5 ng/L and
increasing the lower concentrations (Figure 4.5b). When HZ was not considered, the concentrations
were below the detection limit (7.5 pg/L) for ~27% of the year, in contrast to concentrations being
always above the detection limit when HZ was considered (Figure 4.5b). We further find that if
hyporheic exchange is not considered, the coefficient of variation (CV = standard deviation/mean) of
the E2 aqueous concentration timeseries increased from 2.6 at the upstream location to 3.6 within the
reach (Figure 4.5c). However, when hyporheic exchange is considered, the CV of the concentration
timeseries decreases 75% from 1.31 to 0.32 over the same stream reach (Figure 4.5c). The reduction
of the CV can be attributed to the decreased variability caused by the sediments dampening the
extreme concentration – serving as a sink during large storm events, but as a source during the rest of
the year.
Next, we explore the effect of the HZ on the total E2 and E1 mass left behind in the stream-sediment
system (Figure 4.5d). This is important to consider since toxicological assessments have shown that
hormones in sediments can have adverse effects on biota (Barel-Cohen et al., 2006; Chen et al.,
2010; Zhang et al., 2015). We find that all estrogen coming into the channel is completely degraded
within the 100-km reach when the model does not include the HZ. With hyporheic exchange, 28% of
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the original estrogen mass remained within the 100-km reach if we considered the E2 to E1
degradation pathway (Scenario 1, Case 1) to be active in the sediment (Equations 4.3a and 4.4a),
with 40% of the remaining mass as E2 and 60% as E1. However, if the E1 to E2 pathway is active in
the sediments (Scenario 1, Case 2), approximately 49% of the input estrogen load (E1 + E2) can
persist in the reach (Equations 4.3b and 4.4b), and a larger proportion (86% of remaining estrogen
mass) of the more potent estrogen E2 remains. Increased mass of estrogens remaining when HZ is
considered in the model is somewhat counterintuitive since the prevailing paradigm is that hyporheic
zones act as biogeochemical hot spots and remove pollutants from the stream ecosystem through
degradation reactions (Gomez-Velez et al., 2015). The reason we observe this phenomenon is because
the rate of photodegradation, which occurs along the biotic degradation processes for E2 in the water
column, is greater than the aerobic degradation rates that are active in the sediment. Additionally, the
presence of the anaerobic transformation of E1 to E2 in the sediment can further increase the amount
of E2 in the sediment. Thus, interactions with the sediment suppresses the overall degradation of E2
in the system, and contributes to the observed persistence.
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Figure 4.5 Presence of hyporheic zone increases the persistence of estrogens in the stream network:
a) % Input Mass of E2 and E1 remaining in the main channel -- consideration of HZ increases the
spatial zone of influence (SZOI); b) Probability of exceedance curves for E2 at 20 km downstream of
source with and without HZ; c) Coefficient of variation of the E2 decreases due to the influence of
HZ; d) % Input mass of E2 and E1 remaining within a 100 km reach, when considering forward and
reverse reactions in the sediment e) % Input mass of E2 and E1 remaining within a 100 km reach
plotted against time after input loadings have ceased – shows temporal zone of influence (TZOI).
SZOI is defined as the distance required to degrade 95% of the initial mass of E2 and E1 in the main
channel -- shown as a horizontal line in a) -- intersection of the line with the curves show the SZOI.
TZOI is defined as the time it takes for the system to flush out 95% of the accumulated mass of E2
and E1 after loading has ceased -- shown as a horizontal line in e) -- intersection of the line with the
curve shows the TZOI. All model parameters are the same as the calibrated model, and only the
reverse reaction is simulated in 5(d), all other simulations consider only the forward reaction.

We further find that after loading into the stream has ceased, it takes 130 days to degrade the mass
remaining in a 100-km reach to 5% of the input mass of E2 – this is the TZOI (Section 2.4) for the
specific scenario. This is an important metric that captures lag times in system response and allows us
to quantify the time it takes for water quality to improve if landscape inputs are ceased (Figure 4.5e).
In contrast, this time would be approximately 29 hours if we did not consider the HZ; the fast removal
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of estrogen is driven by the high photodegradation rates in the water column and the lack of continual
release of estrogen from the sediments.
To summarize, we find that there are two ways that the HZ increases the persistence of hormones: (1)
alternate source-sink behavior of hormones decreases the variability of instream concentrations and
the number of days the concentrations are below the detection limit, and (2) suppression of
photodegradation due to interaction with sediments, and reverse transformation of E1 to E2 in the
sediment increases the overall mass of hormones remaining in the stream-sediment system.

4.3.5 Trade-offs between spatial zone of influence and temporal persistence
The relative importance of the source-sink function of the sediments, and the resultant persistence of
hormones in the stream ecosystems depends on hydrologic factors such as the sediment-water
exchange rates (α), and biogeochemical factors, such as the sorption potential of the pollutants and
degradation rates in the water column and the sediments. Here, we explored the role of the sorption
potentials of E2 and E1, as described by the retardation factor, in controlling the spatial and temporal
persistence of pollutants in the stream. The SZOI increased with decrease in RE2 (Figure 4.6a), as we
varied RE2 between 20 and 530, and varied RE1 proportionally (RE2/RE1 = 1.3). This is as expected,
since compounds that interact strongly with the sediments having a smaller SZOI due to sorption to
the streambed sediment. We found that it takes 56 km of stream channel length to reduce total instream mass of E2 and E1 to 95% of the input for RE2 = 20, while it takes 23 km to reduce the mass to
a similar level when RE2= 530 (Figure 4.6a).
Within this smaller SZOI, however, the compound persists longer in time. Indeed, we found that
when the model was run for one year, while no mass was left behind in the stream sediment system
for the lowest R values, 63% of the mass was left behind for the highest R value (Figure 4.6b). The
mass left behind impacts the ability of the stream to recover when the loading has ceased, a factor that
is captured well in the TZOI parameter. We find that the TZOI is greater for compounds with higher
R, and lower for compounds with lower R (Figure 4.6c). This occurs because of two reasons: (1)
there is more mass left behind in the system for compounds with higher R, and thus it takes longer to
flush out, and (2) rates of flushing and degradation are also suppressed in compounds with higher R
due to their lower concentrations in the aqueous phase. Thus, we find that the SZOI and TZOI values
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of a compound behave in opposite ways – with increasing retardation factors the SZOI decreases
from 58 to 23 km, while the TZOI increases from 34 to 323 days (Figure 4.6d). Note that due to
lower interaction of the HZ, the total estrogen mass in simulations with low R has already degraded to
<5% of input mass after one year, and the TZOI does not exist in the scenarios with R of 20 and 120.

Figure 4.6 Spatial and temporal persistence as a function of retardation factor: (a) Mass of E2
and E1 in the main channel (MC) as % of the input mass, plotted against distance from the input
location – SZOI, indicated by grey circles, decreases with increase in R (b) % mass of E2 and E1
remaining in the 100-km reach right after input is ceased (time zero in the next plot), (c) % mass of
E2 and E1 remaining in the 100-km reach plotted against time after input loadings have ceased –
TZOI, indicated by grey circles, increases with increase in R, (d) TZOI increases with increase with
R, but SZOI decreases with increase in R. All model parameters except for sorption coefficients are
the same as the calibrated model, with only forward reaction (Case 1) being simulated (Table 4.1).
Figure presents RE2 values, while RE2/RE1 ratio was maintained at 1.3 across all simulations.
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Finally, while SZOI and TZOI relate to the occurrence of a pollutant in the water column and is
governed by its sorption-desorption properties, the overall persistence of the chemical in the streamsediment system is controlled to a large part by the ratio of its biogeochemical rates in the water
column and the sediment zone. For chemicals with much lower decay rates in the water column than
in the sediments (e.g. nitrate), HZs perform their expected function of enhanced biogeochemical
transformation and decreased persistence. However, for chemicals in which decay rates in the water
column are greater than those in the sediment, the HZ likely increases the persistence of the chemicals
in the stream ecosystem. Our study thus highlights the need to consider the hyporheic zone as a
complex control point of contaminant transport rather than a biogeochemical hotspot characterized by
greater reactivity, as is often the norm. The bi-directionality of estrogen transport and their enhanced
persistence due to hyporheic exchange must be considered when characterizing the fate of estrogens
and related compounds in agricultural ecosystems.

4.4 Conclusions
The last decade has seen a tremendous increase in research on the role of the HZ on the removal of
pollutants from the river network, thus reducing pollutant loads to downstream waters and protecting
water quality (Gomez-Velez et al., 2015; Harvey et al., 2013; Kaushal et al., 2008; Stewart et al.,
2011; Zarnetske et al., 2011). The most interesting finding of our study is that this might not
necessarily be true for all compounds. The HZ can act both as a sink and a source, and for certain
chemicals with high sorption potentials, like estrogens, interactions with the HZ can contribute to
their increased persistence in the stream network. This helps explain, at least partially, why estrogens
are detected consistently in surface water bodies, despite their short half-lives.
We hypothesized that for estrogens, the HZ suppresses the overall decay in the stream channel by
three primary mechanisms. First, estrogens have a high affinity for sediments in the HZ that act as a
sink for both dissolved and sorbed estrogen on suspended sediments during high flow events, but a
source during the rest of the year when stream concentrations are lower. Second, photodegradation is
the primary decay pathway for estrogens in streamwater, but estrogens in sediments are unable to
photodegrade, and thus soroption of sediments reduces the overall degradation of the estrogens in the
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channel. Finally, estrogens are redox sensitive, such that while E2 degrades to E1 under aerobic
conditions, the reverse pathway can be active during anaerobic conditions. This leads to the
persistence of E2 in the stream sediment, rather than conversion to E1 which is 10 times less
estrogenic than E2.
Our analysis of field data on estrogen concentrations in a tile-drain and a ditch within the same reach
showed more persistent concentrations of estrogens in the ditch compared to the tile, with higher
concentrations during the low flow period compared to the high flow period. This observation,
coupled with high concentrations of sorbed estrogen in sediments, suggests that the HZ acts as a
source of estrogens in the summer months. We further developed a stream-hyporheic zone (HZ)
model and using model results show that the HZ can act as a stronger estrogen sink during high-flow
periods and a greater source during low-flow periods. Our model is able to quantify how interactions
with the HZ may increase the mass of estrogens remaining in the stream network Specifically, for our
calibrated model we show that approximately 28-49% of the estrogens remain in a 100 km reach over
a 2-year period when exchange was considered, compared to all mass being degraded with no
exchange. Increasing sorption potential of the estrogen increases the mass remaining within the
stream ecosystem, and the potential lag time for lowering concentrations when inputs have ceased.
Finally, we define two terms – the spatial zone of influence (SZOI) and the temporal zone of
influence (TZOI). The TZOI captures the lag time of the system to recover when input has ceased,
while the SZOI quantifies the distance from the source at which the pollutant signal disappears under
persistent loading. We find that with increase in the sorption potential of the pollutant, captured by
higher retardation factors, the SZOI decreases while the TZOI increases. Notably, although a lower
SZOI suggests that a smaller section of the stream will be impacted by persistent hormone
concentrations, a higher TZOI implies that the affected portion of the stream takes longer to recover
when the input loading has ceased. We find TZOI values to range between 34 to 323 days, which is
much shorter than the decadal timescales of recovery than have been predicted at the watershed scale
(Gall et al., 2016) – highlighting that although streams can build up legacy pollutants, they might
have faster flushing and recovery times than soils.
Our results highlight the importance of considering bidirectional exchange between the hyporheic
zone and the water column while modeling hormone transport along stream networks. Stream
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network models that describe transport of reactive solutes often do not consider the presence of the
HZ (e.g. the PhATE and GREAT-ER models, c.f. Hannah et al., 2009), or when they do the
interaction is unidirectional (e.g. SWAT, Neitsch et al., 2011), or the models only have the sediment
acting as a sink for stream pollutants (Gomez-Velez et al., 2015). This finding challenges the existing
paradigm that HZs only act as sinks for contaminants. The HZs can often act as sinks for solutes like
nitrate that undergo microbial decay processes in the HZ. But for solutes like estrogen for which
photodegradation rates are higher than the microbial decay processes, consideration of HZ might
contribute to lower effective reaction rates in the stream channel. The model we developed, of course,
has multiple limitations, including simplifications related to seasonally constant velocities, mean
suspended sediment concentrations, and temporally constant degradation rates. Future work should
involve studying lateral and horizontal fluxes in a stream reach more comprehensively to understand
how the source-sink behavior switches both at a single location, and in multiple reaches along a
stream network. Despite its limitations, the model allows us, for the first time, to show that not
including HZs in stream network models might lead to an overestimation of estrogen decay in
streams.
Our finding that hyporheic exchange can increase the environmental persistence of compounds, while
focused on estrogens, also applies to other redox-sensitive compounds, such as steroidal hormones
(testosterone, trenbolone, etc.), pesticides (Barber et al., 2013; Casey et al., 2004; Jaffé, 1991;
Stoeckel et al., 2012; Ward et al., 2015) and phosphorus (P). For example, phosphorus is known to
sorb to sediments under aerobic conditions and desorb under anaerobic conditions (Katsev et al.,
2006; Jarvie et al., 2005; Kim et al., 2003; Mortimer, 1942). Thus, phosphorus in stream sediments
can act as a source of bioavailable phosphorus in the water column during low-flow summer months
when biological activity, high stream temperatures, and low water levels can lead to the development
of anoxia and algal blooms (Christensen et al., 1990; Young & Huryn, 1999). While sediment
sorption/desorption and hyporheic processes have been incorporated into some stream P models (e.g.
Vilmin et al., 2015; Kim et al., 2006; Wade et al., 2002), there are still gaps in our understanding of
how sediment P buffering modifies catchment scale transport of dissolved reactive P. In a recent
extensive review, Simpson et al. (2021) emphasized the need to better quantify the time scales of
phosphorus attenuation in streams by understanding how P sorption/desorption processes are
modulated by hyporheic exchange.
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The hyporheic zone has been traditionally conceptualized as a biogeochemical reaction hot spot for
pollutants – our work challenges that paradigm and highlights that it is important to consider these
landscape elements as both sinks and sources, as a function of changing hydrology. Given the
important role of the stream network in modulating pollutant delivery from the landscape, it is
critically important to understand and quantify the role of the hyporheic zone, and incorporate its
effect appropriately in stream network models.
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Chapter 5
Fluctuating Water Tables Enhance CarbonNitrogen Cycling in Humid Agroecosystems
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5.1 Introduction
The critical zone, defined as the layer of Earth’s surface that begins at the vegetation canopy,
encompasses the soil and groundwater in the subsurface, and ends at the bedrock, is a region of
intense biogeochemical activity (Billen et al., 2009; Guo & Lin, 2016). Within the critical zone, the
water table acts as the interface between the saturated and unsaturated zone of the soil and plays a key
role in landscape-scale nutrient cycling by modulating biogeochemical conditions and transporting
solutes (Winter et al., 2015). By spanning both the groundwater aquifer (a reducing environment) and
the unsaturated zone (an oxidizing environment), this interface can support a gradient of aerobic and
anaerobic microbial communities that perform a wide range of biogeochemical functions (Hefting et
al., 2004; Jost et al., 2010).
The position of the water table has been shown to be a major influence on the biogeochemical
processes in the soil column. For example, Szymczycha et al. (2017) found that the vadose zone
thickness (i.e. the water table depth) is a strong control on nitrogen cycling in the subsurface: when
the water table is high, the low dissolved oxygen and increased DOC availability at the water table
greatly increases the extent of denitrification in the soil. Vidon (2017) synthesized studies linking
water table depth to greenhouse gas emissions and found that higher CO2 production in wetter soils
with a high water table may be suppressed after a rain event due to widespread anoxic conditions,
whereas a dry soil with a low water table may experience an increase of CO2 fluxes after the same
rain event.
The fluctuations of the water table also have a role in enhancing reactivity in the critical zone. The
wetting and re-wetting of the unsaturated zone has been shown to result in a burst of enhanced
microbial activity as opposed to steady conditions (Birch, 1960; Baldwin & Mitchell, 2000; Reverey
et al., 2016; Wang et al., 2018). This effect has been attributed to the fluctuating water table carrying
organic substrates to deeper parts of the subsurface, as well as creating oxic and anoxic zones that can
support the growth of both aerobic and anaerobic microbial populations (Rühle et al., 2015). In
another study, CO2 emissions were found to be enhanced during periods of soil water drainage due to
increased aerobic respiration compared to a static water table scenario (Pronk et al., 2020).
Additionally, the rate at which the water table fluctuates can also impact biogeochemical processes.
In an experimental study, Haberer et al. (2012) observed that gradual fluctuations in the water table
allow more oxygen to be transferred to groundwater than rapid fluctuations. This phenomenon may
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have significant implications for the intensity of precipitation controlling the redox state and the
biogeochemical processes around the water table.
The position and fluctuations of the water table are strongly influenced by climate, soil type, and
landscape position. Precipitation and temperature are the dominant external forcings that control the
water balance of the soil column and thus the height of the water table (Tamea et al., 2009). The
properties of the underlying soil will also determine how the water table responds to climate forcings.
For example, soils with low specific yields will have water tables that fluctuate more than those with
higher specific yields under the same rainfall (McLaughlin et al., 2014). In addition to the above
environmental controls, human management practices control the behavior of the water table. In
agroecosystems with high water tables, tile drains are commonly installed in the subsurface to
maintain a set water table depth to prevent crops from drowning (David et al., 2009). More recently,
controls on tile drainage have been used to prevent the unrestricted leaching of nutrients into streams
and to encourage biogeochemical processes such as denitrification in the subsurface (Ng et al.,
2002).
Given the importance of the water table in controlling biogeochemical processing, and the variability
in the water table depth across the landscape, it is important to develop an explicit framework that can
describe the coupling between water table fluctuations and biogeochemical processes. There are
numerous models that have been developed to describe the biogeochemical processes in soils. In a
review of over 250 CN models developed in the last century, Manzoni and Porporato (2009) found
that there has been a shift towards more complex models in recent literature, but that this shift has not
always been followed by improved model performance. Even amongst these models, very few of
them couple CN directly to water table fluctuations. Common approaches to CN processes in soils
either model the shallow soil layers close to the surface, or assume a deep water table that does not
interact with the upper layers of the soil. Indeed, one of the most prominent CN models in literature,
DNDC, was only updated recently to incorporate fluctuating water tables (Smith et al., 2020).
Existing CN biogeochemical models typically have complex biogeochemical modules with highly
simplified hydrologic representation. To better understand the role of dynamic water tables on CN
processes, the purpose of this study will be to develop a point scale model that explicitly links the
fluctuations of the water table and carbon-nitrogen cycling. Specifically, the overall objective of this
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study will be to better understand how the management of the water table can affect the stores of N in
the soil, as well as how the aqueous and gaseous fluxes of N are modified. To avoid the issues of
equifinality in a highly complex model, the modeling approach taken will be to develop a
parsimonious but balanced representation of the soil. One such parsimonious framework is the
stochastic CN model by Poporato et al. (2003) developed for (semi-)arid systems without any water
table interactions. This model has been successfully applied in multiple studies of semi-arid
ecosystems to develop relationships for probability distribution functions of carbon and nitrogen
pools as a function of stochastic rainfall and soil biogeochemical processing rates in arid systems (e.g.
Porporato et al., 2003; S. Manzoni et al., 2004; Botter et al., 2008; Batlle-Aguilar et al., 2011).

5.2 Model Description and Development
In this study, we will develop a modeling framework for CN dynamics in humid systems by
combining two existing models: 1) the stochastic C-N model developed by Porporato et al. (2003) for
grassland systems in (semi-) arid climates, and 2) a stochastic soil moisture model that describes
water table fluctuations in humid ecosystems as a function of soil characteristics and random climate
forcings (Laio et al., 2009). The existing Laio et al. model will be described in Section 5.2.1, the
existing Porporato et al. will be described in Section 5.2.2, and the coupling and modifications of the
two models in Section 5.2.3.
5.2.1 Stochastic Soil Moisture Models for Humid Climates
The spatiotemporal movement of water within the vadose zone can be described by the Richards’
equation (Freeze, 1971). However, because there is not a closed-form solution of the equation and it
is computationally expensive to solve the Richards’ equation numerically, simplified conceptual
models are often used to approximate the flow of water in the unsaturated zone (Mein & Larson,
1973; Salvucci & Entekhabi, 1994). One such framework is the stochastic soil moisture model
developed by Laio et al. (2009), which discretizes the vadose zone in a more parsimonious manner.
Instead of a continuous soil moisture profile, the Laio et al. model conceptualizes the soil column as
three distinct moisture zones: the low moisture zone (LMZ, the unsaturated zone where the soil
saturation s is variable and typically less than field capacity sfc), the high moisture zone (HMZ, where
water content is at field capacity sfc) and the saturated zone (STZ, the groundwater and capillary
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fringe where s = 1). Using this approach, probability density functions can be developed for water
table positions as a function of climatic and soil characteristics and to explore how variations in
model parameterization can affect the water table behavior.

Figure 5.1 Hydrologic fluxes of the soil column based on the Laio et al. (2009) model. Fluxes of
the low moisture zone and the saturated zone shown here. The low moisture zone is where the
saturation is typically below field capacity, the high moisture zone is the transition zone between field
capacity and full saturation, and the saturated zone contains the capillary fringe and underlying
aquifer. ET is evaportranspiration, Inil is infiltration to the unsaturated zone, Re is the direct recharge
to the saturated zone, Le is the leakage of water from the unsaturated to the saturated zone, Exfil is
the exfiltration of water to the high moisture zone to replace water that was transpired, and GWlat is
the lateral groundwater flow.
The stochasticity of the system is driven by a random rainfall process, which is modeled as a Poisson
process to describe event frequency (with λ as the mean number of days between events), and an
exponential distribution to describe the intensity of the rain (with α the mean depth of water during a
rain event at a daily scale) (Rodriguez-Iturbe et al., 1999).
The potential evapotranspirative demand of the soil column (PET) is first determined for use as the
upper limit of actual ET (described in sections below). PET is approximated using a sinusoid function
to simulate seasonal peaks following McLaughlin et al. (2014):
𝑃𝐸𝑇' = 𝑃𝐸𝑇672 + 𝜔 𝑠𝑖𝑛 ?𝜋

89:
;<=

A

(5.1)

where PET on day t is a function of a daily minimum PET value (PETmin), DOY is the Julian day of
year, and ω is a scaling factor used to calibrate the PET such that the annual PET matches recorded
PET estimates of the region.
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Water Balance of the Water Table
The position of the HMZ-STZ boundary (i.e. the capillary fringe, ySTZ) is defined by the following
water balance equation:

𝑆>

/>./*
/'

= 𝑅𝑒(𝑡) − 𝐸𝑇?' (𝑦?' ) − 𝐸𝑥𝑓𝑖𝑙 (𝑦?' ) ± 𝐺𝑊@A' (𝑦?' )

(5.2)

where Sy is the specific yield of the soil [-], Re is the recharge to the water table [L/T], ET is the
wt

direct ET losses from the water table [L/T], Exfil is the exfiltration losses due to capillary rise of
water that replaces the ET losses in the HMZ [L/T] and GWlat is the lateral groundwater flow [L/T].
Recharge to the Saturated Zone
The primary processes in which the saturated zone is recharged is through infiltration of rainfall and
the redistribution of water from the unsaturated zone. How the recharge process is represented
depends on the presence of the low moisture zone. When the water table is close to the surface (i.e.
the LMZ has not formed), the recharge to the STZ is equal to the precipitation flux P (Equation
5.3a). Because the HMZ has saturations at or greater than field capacity, it is assumed that the
unsaturated hydraulic conductivity is sufficiently high at daily timescales to allow for instantaneous
redistribution of water to the STZ. When the LMZ is present, the downward water flux to the
saturated zone is suppressed due to reduced hydraulic conductivities (because of low soil moisture
conditions) and is represented by the leakage flux from the LMZ (Equation 5.3b, full leakage
equation shown in next section). The conditions when the LMZ forms is described in a later section.
𝑅𝑒 = 𝑃(𝛼, 𝜆)

(5.3a)

𝑅𝑒 = 𝐿𝑒(𝑠)

(5.3b)

Root Uptake from Saturated Zone
The uptake of water by plants is a key ecohydrological process that regulates the water table
dynamics. In reality, the root-groundwater interaction is a complex bi-directional process. Roots
uptake groundwater, thereby lowering the water table (Naumburg et al,, 2005). On the other hand, the
water table can potentially affect the growth of the plant roots - for example, prolonged saturation of
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the roots can lead to anoxia and death of plants (Ho et al., 2004). In the Laio et al. model, it is
assumed that the plants in these humid agroecosystems are adapted to these hydrologic conditions and
are also managed to avoid overwatering. Additionally, the diel patterns of transpiration are ignored as
the model is run at a daily scale. Finally, the roots are assumed to have an exponential distribution of
biomass r(z) with an average rooting depth b [L], where z is some depth [L]. Thus, uptake can be
expressed as:
>

./*
𝐸𝑇?' = 𝑃𝐸𝑇 ∫BC
𝑟(𝑧)𝑑𝑧 = 𝑃𝐸𝑇 𝑒 >./* /E

(5.4)

where PET is the potential evapotranspiration [L/T], ySTZ is the depth to the saturation zone [L], and b
is the mean root depth [L]. The formulation for root uptake is the same in shallow and deep
conditions, but note that exfiltration is a function of water table depth and average plant root depth
and will converge to zero deeper in the soil column due to the lack of roots.
Exfiltration from Saturated Zone
Exfiltration from the STZ is the upward flux of water due to capillary rise. In a soil column, this
capillary rise is driven by the need to replace water that was removed through evapotranspiration
from the HMZ.
𝐸𝑥𝑓𝑖𝑙(𝑦FG- ) = 𝑃𝐸𝑇71 − 𝑒 >./* /E 8

(5.5)

In the case where the LMZ is formed, the total exfiltration flux is reduced as there is no capillary flux
in the LMZ.
𝐸𝑥𝑓𝑖𝑙(𝑦FG- , 𝑦,#- ) = 𝑃𝐸𝑇7 𝑒 >)#* /E − 𝑒 >./* /E 8

(5.6)

Lateral Groundwater Fluxes
The lateral movement of water can be induced by the head gradient due to factors such as topographic
changes or groundwater extraction. The flow of groundwater can be expressed generally with a
simplified version of Darcy’s law:

𝐺𝑊@A' = 𝑘5A'

/>
/@

= 𝑘HA' (𝑦FG- − 𝑦I )
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(5.7)

where ksat is the saturated hydraulic conductivity of the soil [L/T], dy = (ySTZ - yo) is the head gradient
between the saturated zone and a reference head potential [L], dL is the distance to a reference point
(e.g. tile outlet) [L], and klat is a proportionality constant based on ksat and dL [1/T].
Location of the High Moisture Zone
As the saturated zone lowers, the upper portion of the soil begins to drain below full saturation and
thus the high moisture zone forms (Sfc < SHMZ < 1). If the soil column continues to dry, the saturated
zone will eventually hit some critical depth yc such that the ground surface is at field capacity. Any
further lowering of the saturated zone will cause the upper boundary of the HMZ (i.e. the HMZ-LMZ
boundary) to lower and also cause the low moisture zone to form, where the soil can go below field
capacity.

The location of the HMZ-LMZ boundary (yHMZ) is a function of soil moisture properties, the position
of the HMZ-STZ boundary (ySTZ) and the critical depth yc (approximated using soil texture and mean
root depth, see Laio et al., 2009 for complete details):
0
⎧
%
$
⎪
)# *+,) " !
𝑦!"# (𝑦$%# ) -1 − 𝐴" 1 (𝑦 − 𝑦& ) −
(𝑦 − 𝑦& )1
,.& /0'& ,0(
⎨
⎪
𝑦$%# − 𝜓2& + 𝜓3
⎩

where 𝐴 =

𝜓𝑓𝑐 − 𝜓𝑠 −𝑦𝑐
𝜓𝑓𝑐 − 𝜓𝑠 −𝑦𝑐 −5𝑏

𝑖𝑓 𝑦 ≥ 𝑦& ,
𝑖𝑓 − 5𝑏 + 𝜓2& − 𝜓3 ≤ 𝑦 < 𝑦& ,

(5.8)

𝑖𝑓 𝑦 < − 5𝑏 + 𝜓2& − 𝜓3

and 𝜓2& = 𝜓3 𝑆2& ,+/: . This is a numerical approximation of the Richards’

equation for the HMZ, where the HMZ does not form until the water table falls below the critical
depth yc, increases dynamically until it reaches the end of the estimated root zone (-5b +ψfc-ψs),and
then remains at a constant distance from the saturated zone beyond that point (Laio et al, 2009).
Water Balance of the Low Moisture Zone
The water balance equation is used to capture the soil moisture dynamics in the low moisture zone, is
described below following Rodriguez-Iturbe (1999):
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𝑛 |𝑦,#- |

/5
/'

= 𝐼(𝑠, 𝑡) − 𝐸𝑇(𝑠) − 𝐿(𝑠)

(5.9)

where n is the porosity [-], |yHMZ| is the size of the low moisture zone (i.e. the depth to the high
moisture-low moisture zone boundary) [L], I(s) is the recharge from infiltrated rain [L/T], L(s) is
leakage to the high moisture zone [L/T], and ET (s) is the evapotranspiration flux from the low
lm

moisture zone [L/T]. When the low moisture zone is present, I(s) equals precipitation, and Equation
5.3a representing recharge to the saturated zone is replaced with Equation 5.3b.
Leakage in this low moisture zone describes vertical percolation of water to the deeper moisture
zones under unit gradient conditions, and is described as:

𝐿(𝑠) =

.%01
2((4%56 )
J
B%

X𝑒 K(5B556 ) − 1Y

(5.10)

where ksat is the hydraulic conductivity of the soil [L/T], β modifies the leakage process as a function
of soil texture where β = 2p+4 and p is the pore size distribution index. In this formulation, leakage
only occurs when the low moisture zone is above field capacity Sfc and approaches ksat near full
saturation.
Actual evapotranspiration from the low moisture zone was then modelled as the remaining
evapotranspirative demand after accounting for ET from the water table (PETlm = PET - ETwt). A
reduction term is applied based on the current saturation in the low moisture zone, such that there is
no ET after the soil dries below the wilting point (Sw). Thus, ET in the LMZ is modeled as:

𝐸𝑇H6 = 𝑃𝐸𝑇H6 Z5

5B58
56 B58

[

(5.11)

5.2.2 Stochastic CN Cycling Modeling
Soil moisture and nutrient cycling are intricately linked through complex feedbacks and non-linear
processes. Process-based biogeochemical models often discretize soil C and N into different pools to
account for different rates of decomposition. For example, Century (Parton et al., 1988), DNDC (Li et
al., 1994), CLM-BGC (Lawrence et al., 2011), use active/labile and passive/recalcitrant pools of
carbon and nitrogen to distinguish components of the soil that have varying degrees of susceptibility
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to decomposition. The use of discrete pools is a way to simplify the entire distribution of soil quality
in a finite manner (Manzoni et al., 2009).
Here, we adapt the C-N modelling framework of Porporato et al. (2003) which was specifically
developed to quantify the ecohydrologic feedbacks between point-scale soil moisture dynamics with
the carbon and nitrogen cycles in a parsimonious manner. The model has been used to quantify
probability density functions of the nutrient pools and fluxes as a function of different climate
regimes in arid systems to characterize how the average and variance of state variables respond to
climatic forcings (D’Odorico et al., 2010). For example, in arid systems, the stochastic nature of
rainfall can result in predictable biogeochemical behaviour such as the gradual accumulation of
organic matter or the intermittent leaching of nitrate (Tamea et al., 2009).

In the Porporato et al. model, the authors conceptualize the soil to be made up of three carbon pools
(litter CL, microbial biomass Cb, and humus CH) and five nitrogen pools (litter NL, microbial biomass
Nb, humus NH, ammonium N+, and nitrate N-). Nonlinear differential equations are written for each of
these pools, and these equations are coupled to the equations for water fluxes developed by
Rodriguez-Iturbe et al. (1999) in their model for arid systems. The biogeochemical processes captured
in the model include decomposition, mineralization, immobilization, plant uptake, and leaching
(Figure 5.2). The carbon and nitrogen cycles are coupled through C-N ratios of the various pools and
thus can account for stoichiometric limitations of processes in the C and N cycles. In the following
section, the key equations and processes of the base Porporato et al. CN model is briefly described.
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Figure 5.2 a) Carbon and b) nitrogen pools and fluxes in the Porporato et al. (2003) modelling
framework

Carbon-Nitrogen Cycling in the Litter Pool
The litter pool represents the fraction of soil organic matter that is more labile and susceptible to
decomposition. The mass balance equation of carbon in the litter pool, CL expressed as concentrations
relative to the soil system (mass per unit volume soil), can be written as:
/$9
/'

= 𝐴𝐷𝐷 + 𝐵𝐷 − 𝐷𝐸𝐶@
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(5.12)

where ADD is the addition of external litter input, BD is the biomass death and DECL is the
decomposition of the litter. The primary source of carbon into the soil column is through the addition
of plant material and residues (the ADD flux). This plant material is considered to be more degradable
and thus only added to the litter pool. The secondary source of carbon into the litter pool is from
biomass death (BD), where a fraction of the microbial biomass returns to the litter pool, described
using a first order rate constant: BD = k C .
bd

b

The loss of carbon in the litter pool is driven by microbial decomposition (DEC ) and can be
L

represented by the following:
𝐷𝐸𝐶@ = 𝐶@ [𝑘@ 𝐶E 𝜑 𝑓/ (𝑠)]

(5.13)

The decomposition flux is dependent on both the concentration of C in the litter pool C and microbes
L

3

C . The rate at which litter decomposes can be described by the rate constant kL [L /M/T]. This rate
b

constant is an effective rate of decomposition of different organic material. Additionally, the
decomposition process is mediated by environmental conditions. First, scarcity of nitrogen in the soil
can reduce the decomposition rate in the soil and microbes cannot acquire enough nitrogen through
immobilization. This non-dimensional factor φ is further described under the Mineralization and
Immobilization section. Additionally, decomposition can be suppressed due to excess or low soil
moisture conditions, with a peak at field capacity:
5
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(5.14)

, 𝑠 ≥ 𝑠NO

Nitrogen cycling in the litter pool NL can be represented by the same fluxes as the carbon litter
equation and using C/N ratios of the appropriate pool from where the flux originates:
/P9
/'

188

= ($/P)

0''

Q8

8!$

+ ($/P) − ($/P)9
:

106

9

(5.15)

Carbon-Nitrogen Cycling in the Humus Pool
The carbon in the humus pool, CH expressed as concentrations relative to the soil system (mass per
unit volume soil), is represented by the following mass balance equation:
/$)
/'

= 𝑟R 𝐷𝐸𝐶@ − 𝐷𝐸𝐶R

(5.16)

where rh is the fraction of the litter decomposition flux that forms humus [-], and mass is lost through
humus decomposition DECh . Similarly to the litter pool, the decomposition of humus is modeled as:
𝐷𝐸𝐶, = 𝐶, [𝑘, 𝐶E 𝜑 𝑓/ (𝑠)]

(5.17)

where the only difference is the rate constant for humus decomposition kH [L3/M/T].
The corresponding mass balance of the nitrogen content of the humus pools (NH) can be written as:
/P)
/'

=

S; 8!$9
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(5.18)

Given that the CN ratio of humus is assumed constant, this equation does not need to be solved, and
can be determined from the carbon humus equation.

Carbon-Nitrogen Cycling in the Microbial Biomass Pool
The carbon content of the microbial biomass (Cb) is written as:
/$:
/'

= (1 − 𝑟R − 𝑟S )𝐷𝐸𝐶@ + (1 − 𝑟S )𝐷𝐸𝐶R − 𝐵𝐷

(5.19)

The microbial biomass grows by incorporating carbon through the decomposition of the humus and
litter pools. A fraction of the carbon is lost via respiration to CO2 production (rr), which is assumed
constant in this model. Finally, the microbial biomass pool decreases via biomass death BD, and is
defined by the rate constant kbd.
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The nitrogen content of the microbial biomass (Nb) is similar to the carbon content, with some
modifications due to new processes:
/P:
/'

8!$

= (1 − 𝑟R − 𝑟S ) ($/P)9 + (1 − 𝑟S )
9
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− ($/P) − Φ
:

(5.19)

Like carbon, nitrogen is incorporated into the microbial biomass pool through the decomposition of
the litter and humus pools, and is lost via biomass death. Each of these fluxes are converted to
nitrogen based on the stoichiometric ratios. The term Φ represents the net mineralization (or
ammonification) or immobilization and is described in the next section.
Mineralization and Immobilization
The process of mineralization and immobilization (Φ) is dependent on the nitrogen availability in the
soil in relation to the stoichiometric needs of the microbial biomass (i.e. to maintain a constant (C/N)b
ratio). There will be net mineralization (+Φ) when there is an abundance of organic N after
decomposition and production of inorganic N; conversely, there will be net immobilization (-Φ)
where the microbes use inorganic N to meet their N demands. Thus, the net
mineralization/immobilization flux is written as:
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Or expanded as:
%
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Here, if the inner term of the brackets of Equation 5.21 are positive, there is sufficient organic N for
mineralization to occur, while a negative term results in immobilization is required to maintain the
stoichiometric needs of the microbes. The term φ is a reduction term of the decomposition rate due to
insufficient N, and can be written as:
𝜑=
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(5.22)

In the case of immobilization (Φ is negative), the products are partitioned into ammonium and nitrate
based on the constants k+i and k-i, and is written as:
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Cycling of the Mineral Nitrogen Pools
The mass balances of ammonium and nitrate have very similar dynamics and share similar fluxes and
can be written as:
/P ?
/'
/P 4
/'

= 𝑀𝐼𝑁 − 𝐼𝑀𝑀W − 𝑁𝐼𝑇 − 𝐿𝐸 W − 𝑈𝑃W

(5.24)

= 𝑁𝐼𝑇 − 𝐼𝑀𝑀B − 𝐿𝐸 B − 𝑈𝑃B − 𝐷𝐸𝑁

(5.25)

Nitrification (NIT) is the production of nitrate via microbial processes and can be expressed as:
𝑁𝐼𝑇 = 𝑁 W [𝑘2 𝐶E 𝑓2 (𝑠)]

(5.26)

where fn(s) [-] is the reduction factor that suppresses the nitrification rate constant kn [L3/M/T] under
non-ideal moisture conditions. It is assumed the fn(s) is at its peak at field capacity where there is
sufficient oxygen for the aerobic process. Increases of saturation will result in anoxic conditions,
while decreases of saturation will result in access limitation between the microbes and ammonium.
Thus, fn can be expressed as:
5
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Leaching is the downward transport of mineral N via percolation, and thus is dependent on the
hydrologic leakage flux L(s). Leaching is modeled as
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(5.27)

𝐿𝐸 ± = 𝑎±
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𝑁±

(5.28)

where a± is related to the solubility coefficients of ammonium and nitrate [-], and snZr represents the
volume of water in the soil column [L].
Plant uptake of mineral N can be modeled as the summation of the passive (UP±p) and active uptake
(UP±a). The passive uptake is the transport of N simply via the transpiration flux and can be written
as:
𝑈𝑃\± = 𝑎±

!G(5)
52 -<

𝑁±

(5.29)

The active uptake component is dependent on the plant N demands (DEM±), and represents the extra
uptake of mineral N via a diffusive flux driven by a concentration gradient:
0
𝑈𝑃A± = p

𝑘] 𝑁 ±
𝐷𝐸𝑀± − 𝑈𝑃\±

𝑖𝑓 𝐷𝐸𝑀± − 𝑈𝑃\± < 0
𝑖𝑓 𝑘] 𝑁 ± < 𝐷𝐸𝑀± − 𝑈𝑃\±

(5.30)

𝑖𝑓 𝑘] 𝑁 ± > 𝐷𝐸𝑀± − 𝑈𝑃\± > 0

The first case represents the case when the nitrogen demands are already provided by the passive
uptake flux. The second case occurs when passive uptake is insufficiently low and allows for the full
active uptake based on the rate constant ku. The final case occurs when passive uptake is still low, but
the active uptake component will be limited by the actual plant needs.

5.2.3 Connecting the Hydrologic and CN Modules
Denitrification
Denitrification is a key process in anoxic environments and thus is a necessary addition to the
modelling framework due to the prevalence of saturated conditions. A variety of models can be used
to represent denitrification at different levels of complexity. In a review of over fifty models, Heinen
(2006) identified common variables used to modulate the actual rate of denitrification: an inherent
denitrification rate constant, nitrate availability, water content, soil temperature, and pH, where the
dependency of denitrification on each of these environmental conditions can be described with a
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range of nonlinear functions. To match the data availability and general model structure, we use
describe denitrification as a function of water content and nitrogen availability:
𝐷𝐸𝑁 = 𝑘/ 𝑓5 𝑓P 𝑁 B
0
𝑓5 = p

𝑆 < 𝑆'
FBF1 ?

?%BF A
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1
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where S is the saturation [-], St is a saturation value when fs = 0, w is a shape factor, and KN is the
half-saturation constant [M/L3].
As part of the model result analyses, we estimate how denitrification is partitioned into N2 and N2O.
We use the following saturation-partitioning relationship used in CENTURY (Parton et al., 1996):
𝑁" / 𝑁" 𝑂 =

%.`
(A

%;(B"." %

(5.34)

where s is the saturation of the soil [-]. This relationship, used in the model CENTURY, was an
empirically fitted function using observed gas fluxes from different soil types. This function is a
monotonically increasing function that approaches zero below 40% saturation (i.e. full N2O
production), and approaches 1 at full saturation (i.e. full N2 production).
Vertical Discretization of CN Cycling
In the previous formulation of the CN model (Porporato et al, 2003), the water table was assumed to
be at some depth that does not interact with the unsaturated zone due to arid conditions. Additionally,
the carbon and nitrogen pools were all assumed to be confined within some static depth Zr that
represents the unsaturated zone as the model domain. However, in humid conditions, the water table
fluctuates and consequently affects the size of the unsaturated zone. Mass accounting of the carbon
and nitrogen pools become difficult due to the changing domain of the unsaturated zone.
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Thus, to avoid numerical artifacts of modeling CN pools in moisture zones that may not be present,
we instead split the carbon-nitrogen pools into smaller pools associated with different soil horizons
(O, A and B soil horizons at 0-10 cm, 10-60 cm and 60-250 cm respectively) and their physical
boundaries are static. Each C and N pool in the horizons are represented by the same mass balance
equations, but may have different soil moisture values. In particular, the soil moisture content of each
horizon (sO horizon, sA horizon,sB horizon) is calculated in one of two ways: 1) if the soil horizon is
completely within a hydrologic zone (LMZ, HMZ, STZ), then the soil moisture content of that
horizon is equal to the current moisture content of that zone; 2) if the soil horizon comprises of more
than one moisture zone, then the weighted average of the moisture content of the different moisture
zones is used. Consequently, each mass balance equation of C and N were split into three equations
(e.g. CL becomes CL, O horizon, CL, A horizon, CL, B horizon).

5.2.4 Model Parameterization and Simulation
The typical physical properties of a sandy loam soil was assumed for the simulation (Table 5.1). The
O, A, and B soil horizons were assigned thicknesses of 10, 50, and 190 cm, for a total soil column of
250 cm. To isolate the effects of the fluctuating water table and avoid issues of equifinality, the CN
cycling parameters (Table 5.1) were independent of soil horizon and depth. Assigning different
parameters based on soil horizon would require further calibration to observed values in the field.
Table 5.1 Soil properties related to the hydrologic model
Parameter
Porosity
Hydraulic Conductivity
Rooting Depth
Specific Yield
Soil matric potential
Field Capacity
Wilting Point
klat
Thickness of O Horizon
Thickness of A Horizon
Thickness of B Horizon

Symbol
n
Ksat
b
Sy
ψs
sfc
sw
klat
hO
hA
hB
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Value
0.44
0.125 m/d
0.3 m
0.19
0.2 m
0.57
0.26
1.7x10-4 1/d
0.1m
0.5m
2.4m

Table 5.2 Parameters related to biogeochemical model
Parameter
Carbon:Nitrogen of Litter
Carbon:Nitrogen of Litter
Carbon:Nitrogen of Biomass
Fraction dissolved ammonium
Fraction dissolved nitrate
Denitrification rate constant
Nitrification rate constant
Biomass death rate constant
Humification rate constant
Fraction as respiration
Fraction as humus
Plant ammonium demand
Plant nitrate demand
Half-saturation constant of nitrate
Ammonium immobilization proportionality constant
Nitrate immobilization proportionality constant

Symbol
(C/N)ADD
(C/N)L
(C/N)b
a+
akden
knit
kbd
kh
rr
rh
DEM+
DEMKN
ki+
ki-

Value
58
22
11.5
0.05
1
0.001 1/d
0.06 m3/d/gC
0.0085 1/d
2.5E-6 m3/d/gN
0.6
0.25
0.2 gN/m3/d
0.5 gN/m3/d
10 mgN/L
1 m3/d/gC
1 m3/d/gC

The model was implemented using a forward Euler numerical scheme with a time step of 0.1d to
ensure numerical stability. The model was run for 500 years, with the analysis only using the results
in the latter 300 years to avoid the impact of the model spin-up period. Two scenarios were explored
in this chapter: Scenario 1 where the soil had no lateral groundwater fluxes and Scenario 2 where a
large groundwater flux was imposed to artificially lower the groundwater table and simulate the effect
of tile drainage.

5.3 Results and Discussion
5.3.1 Linkages Between Water Table Fluctuations and Nitrogen Cycling
We first simulated a soil column with no lateral groundwater fluxes to isolate the effects of the given
climatic regime on the carbon-nitrogen cycles (Figure 5.3). This model run (Scenario 1) had an
average water table depth of 0.18 m below the ground surface (Figure 5.3a), with the soil near full
saturation for extended periods of time. The primary water losses in this scenario are through
evapotranspiration and saturation-excess runoff, with no lateral groundwater flux.

The organic nitrogen pools represent the largest and most stable stores of N within the soil column,
with the total humus N averaging 170 g N/m3 soil (coefficient of variation CV = 0.06) and the total
litter N averaging 46 g N/m3 soil (CV = 0.05) (Figures 5.3b and c). The magnitudes of the organic N
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pools in the model are in line with soil samples taken in agricultural soils in southern Ontario (Yang
and Kay, 2001). In contrast, the average concentration of ammonium was 7.6 g N/m3 soil (CV = 0.38)
and nitrate was 3.7 x 10-2 g N/m3 (CV = 1.83).
While the total mass of the N pools were dominated by the largest soil horizon (horizon B, deeper
than 0.6 m below the ground) when looking at the entire soil column, there are distinct gradients of N
by depth. In general, all organic N pools had the highest concentrations nearest to the ground surface,
consistent with the location of the external N inputs. The litter N had more variable concentrations in
the O and A horizons due to the episodic loading of fertilizer and the subsequent transportation
pathways to biomass N and inorganic N (Figure 5.3c).

The patterns of inorganic N concentrations differed from the organic pools, where the model showed
consistently higher ammonium concentrations and some episodic spikes of nitrate in the A horizon
(from 0.1 to 0.6 m below the ground) (Figures 5.3e and f). The higher ammonium concentration in
the A horizon is indicative of high mineralization rates due to the abundance of organic N, and a
relatively low rate of nitrification from the anaerobic conditions. There were periodic spikes of nitrate
production that can be directly attributed to periods of a lower water table, which allows for the
production of nitrate via nitrification. However, the presence of nitrate in the soil column is limited
due to the high rates of denitrification promoted by near saturated conditions.
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Figure 5.3 Time series of nitrogen pools for Scenario 1 with limited lateral drainage and a high
water table (mean depth of 0.18 m below ground surface).
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The second set of model runs (Scenario 2) simulates the effects of an artificially lowered water table
(mean depth of 0.91 m below the ground surface) by increasing the lateral groundwater flux (Figure
5.4) - all other climatic and soil parameters remained the same as Scenario 1. Similar to Scenario 1,
the organic pools of nitrogen in Scenario 2 remain the most stable and largest pools of nitrogen in the
soil column. The humus pool is relatively stable (190 g N/m3 soil; CV = 0.06), while the litter and
biomass N are slightly more variable (35.6 g N/m3 soil with CV = 0.15, and 0.73 g N/m3 soil with CV
= 0.43 respectively). The litter N concentrations continue to be increased seasonally by fertilizer
inputs and is consequently transformed to biomass N via decomposition (Figures 5.4c and d).
Finally, the ammonium and nitrate pools were the most variable pools of N in the soil column, with
CVs of 1.1 and 0.68 respectively.
To compare between the two scenarios, the median concentrations of the various N pools of each
horizon were calculated (Figure 5.5). Here, we see the role of increased decomposition in the O and
A horizons due to less saturation in the drained scenario, with lower concentrations in all three
horizons for the humus and litter N. The range of humus N concentrations across the soil horizons
were more narrow in the drained scenario, (ranging from 153 to 170g N/m3 soil), whereas the
undrained case had a much wider range (ranging from 120 to 252 g N/m3 soil).

As expected, the abundance of oxygen in the soil column in Scenario 2 promotes high nitrification
rates and limited denitrification, resulting in low ammonium and high nitrate concentrations - for
example in the A horizon, the drained case resulted in an 8.6 g N/m3 soil (or 34 mg/L of porewater)
increase in median nitrate concentrations and a reduction of 1.2 g N/m3 soil (or 4.7 mg/L of
porewater) in median ammonium concentrations. The time series shows that while ammonium can
temporarily build up in the soil, it can quickly be oxidized into nitrate when the water table lowers.
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Figure 5.4 Time series of nitrogen pools for Scenario 2 with greater lateral drainage and a
lower water table (mean depth of 0.91 m below ground surface)
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Figure 5.5 Comparison of N pool concentrations of Scenario 1 (Normal) and Scenario 2
(Drained). Colors indicate soil horizon; Point shows the median value across the time series and the
whisker extents show the 5th and 95th percentiles.

5.3.2 The Effect of Water Table Management on Nitrogen Fluxes
The two major fluxes of concern with respect to nitrate are nitrification and denitrification (Figure
5.6). Here, we can see that nitrogen and denitrification are more balanced in the first scenario, where
the soil column is typically between near saturation or at saturation which allows for a near-balance
between the two fluxes (nitrification:denitrification ratio of 1.1). In contrast, there is a much greater
difference in the nitrification and denitrification fluxes in the drained scenario
(nitrification:denitrification ratio of 1.8)
Finally, an estimate of the products of the denitrification flux was estimated for the two model
scenarios (Figure 5.7). The undrained case (Scenario 1) produced substantially more N2, with a small
fraction of N2O (2 % of total gas fluxes). While the total denitrification flux in the drained soil was
lower, N2O was a slightly larger proportion of the flux (7%), and larger in magnitude than in Scenario
A. It should be noted that while the water table was nearly a meter deeper in the drained case, the soil
column was predominantly saturated (depth weighted average of 0.9) and tending towards N2
production rather than N2O. In fact, N2O production in the models are essentially limited to the O and
A horizons, which only constitute approximately 20% of the soil depth.
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Figure 5.6 Comparison of denitrification and nitrification fluxes

Figure 5.7 N2O and N2 production in the soil column.

5.4 Conclusions and Next Steps
This chapter focused primarily on the coupling of the Porporato et al. (2003) carbon-nitrogen model
and Laio et al. (2009) humid water balance model into a framework that can be applied to humid
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agroecosystems. Preliminary analysis showed that the position of the water table has a large role in
controlling the nitrogen fluxes and partitioning within the soil system but there remains significant
opportunities to use the model to explore how human management of agroecosystems can affect CN
dynamics while considering the ecohydrological interactions of climate, soil, and vegetation.
Ultimately, we need to better understand the trade-offs between soil health, water quality, as well as
greenhouse gas emissions. Below, I outline several paths forward to further the work beyond the
model development stage to address these concerns.
More Rigorous Validation of Model
While it is not common to have water table fluctuations, CN pools, as well as the aqueous and
gaseous fluxes all measured at a single agricultural field site, there is an opportunity to calibrate the
model to existing time series data for several of the state variables. This would allow us to constrain
the model better and focus on the remaining model processes that are difficult to measure in the field.
Exploring the Range of Soil-Climate Interaction
In this chapter, the analysis was focused only on one type of soil, whereas there exists a wide range of
soil textures in agroecosystems. More importantly, the role of soil texture is known to have a strong
role in controlling the position and fluctuations of the water table. Similarly, the role of climate
(rainfall patterns characterized by frequency and intensity, as well as changing ET dynamics) also
have a direct effect on the water table. Thus the feedbacks between a range of soil types and climate
forcings and CN cycling in these humid agroecosystems should still be explored.
Adapting the Model to Different Landscape Factors
While the model here was used to simulate the effect of artificial drainage and the lowering of the
water table, this modelling framework can be easily adapted to other scenarios as well. For example,
the model could be used to simulate low and high locations of the watershed (i.e. saturated areas such
as riparian regions close to the stream or on top of the hillslope that has thick unsaturated zones) to
better understand the role of these different areas on CN cycling within the landscape.
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Chapter 6
Conclusions and Perspectives

6.1 Summary of Major Contributions
The work presented in this thesis explored multiple reactive interfaces across different spatiotemporal
scales to further our understanding of the controls and functionality of reactive interface behaviour.
The first research objective was to quantify the role of wetlands in retaining nitrogen across the
United States. Through the use of novel spatial datasets of N surplus and wetland locations, I showed
that wetlands retain approximately 860 ktons of N/yr in the US. Here, I further demonstrated that
there was a large spatial disconnect between N sources (e.g. agricultural hotspots) and N sinks
(wetlands), which resulted in lower estimates of total N retention compared to previous studies that
did not have such spatial resolution in their models. Simulating different management strategies, this
work also showed the value of restoring wetlands in the landscape specifically in locations of high N
surplus – a 10% increase in existing wetland area would double current wetland N removal, and
provide nearly 40 times more N removal than the scenario with random wetland restoration and
agricultural land protection.
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The second research objective focused on quantifying how wetland size and climate interact to
modulate the retention of N. In this chapter, I used a novel approach of incorporating remotely sensed
wetland extent data with a coupled hydrologic-N retention model to quantify the wetland N retention
across eight different wetlandscapes in the US. I showed that incorporating transient hydrologic
conditions can increase N retention estimates compared to the steady-state models that are commonly
used at watershed scales. This effect was more apparent in smaller, isolated wetlands, and in drier
climates, where the lower fraction of outflow limited the loss of N and increased the time for
denitrification in the wetland.
The third research objective was to quantify the role of the hyporheic zone (HZ) on the
spatiotemporal persistence of estrogens in an agricultural stream. Here, I developed a new
deterministic contaminant transport model for estrogen in the stream-HZ system. The model showed
that the temporal persistence of estrogens in the stream increases with more interaction with the
hyporheic zone. The HZ acts as a temporary storage for sorbed estrogen and inhibits
photodegradation during high loading events, and can then act as an internal source in the stream
during low loading periods.
Finally, the fourth objective was to develop a coupled carbon-nitrogen model that focuses on the
interactions between the water table and the nutrient cycles. We show how consideration of water
table fluctuations can heavily influence the redox sensitive processes in the C-N cycles, and change
the export of nitrogen in its aqueous and gaseous forms.

6.2 Future Research Directions
Reactive interfaces are increasingly recognized as ‘nature-based solutions’ that can help modulate
agricultural contaminants and increase the water quality of the landscape. While interest in the
construction, management, or restoration of these ecosystems increases, there is still a need to
understand how these reactive interfaces behave under different conditions and how best to optimize
their functionality. Here, I will list some possible extensions of my current work:
Wetlands and Wetlandscapes
Within this thesis, we focus on how several wetland characteristics affect their ability to retain N:
size, proximity to N sources, and water partitioning (as driven by climate and size). However, there
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remains many other wetland characteristics that could affect N retention in wetlands. For example,
watershed position, extreme flow events (e.g. fill and spill dynamics), synchronicity of seasonal
hydrologic and biogeochemical processes, are all factors that should be explored at watershed scales
to better inform the management and protection of the wetlandscape.
While wetlands provide myriad hydrologic, biogeochemical, and ecological benefits, different
wetlands provide different benefits. In this thesis, I focus primarily on the water quality benefits of
wetlands, but relatively little work has focused on the tradeoffs between optimal wetland functions
(e.g. N retention vs. flood buffering vs. greenhouse gas emissions). A direct extension of my current
work would be to couple the models of several different wetland functions. These coupled models can
be used to explore if there exists wetland types that can provide multiple ecosystem benefits, or what
combination of wetland types should be protected/restored within the wetlandscape.
Of course, nitrogen is not the only agricultural contaminant of concern. For example, phosphorus is
another common contaminant that wetlands can retain but the relative controls of P retention remain
uncertain. The development of parallel analyses to the work in this thesis could provide further
insight on how wetlands affect P cycling in the landscape. Additionally, there would also be an
opportunity to combine these models to better understand how different wetlands modify N:P ratios.
Hyporheic Zones as Sources
The model developed in this thesis focused on simplistic boundary conditions to better understand the
effects of point source loading from a tile drain or upstream loading. In reality, estrogens can enter the
stream network through overland flow as a distributed load, which can have additional effects on the
spatiotemporal dynamics of estrogen in the stream. Further refinements to the modelling framework
could be added to account for this non-point source loading, as well as building up a river network
model. These modifications would be useful for quantifying the cumulative effect of estrogen
contamination within a watershed, where multiple source zones and pathways exist.
Finally, estrogens have many similarities to other redox sensitive and multi-phase agricultural
contaminants such as other steroidal hormones, pesticides, and phosphorus. The modelling
framework developed here can be translated to these other contaminants to quantify how the sourcesink behaviour of the hyporheic zone can affect their persistence in the stream network. This
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knowledge is essential as the presence of these contaminants downstream can have severe ecological
effects (e.g. development of algal blooms due to P, developmental issues of downstream fish due to
prolonged exposure to steroidal hormones).

128

Appendices

129

Appendix A
Supplemental Information for Chapter 2

Extended Data Fig. 1 | Nitrogen surplus distributions across the U.S. hydrologic
regions. (a) Histograms of N surplus by hydrologic region. The counts in the histograms
refer to individual HUC-8 watersheds within the hydrologic regions. (b) Map of hydrologic
regions defined by the U.S. Geological Survey. Boundaries of the Mississippi River Basin
are drawn in yellow.
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Extended Data Fig. 2 | Histograms of modeled N removal by hydrologic region. The
counts in the histograms refer to individual HUC-8 watersheds within the hydrologic regions.
See Extended Data Fig. 1b for region locations
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Extended Data Fig. 3 | Analysis of empirical data used by Cheng and Basu (2017) to
develop the k-τ relationship used in our study. (a) Histogram of N removed at the
individual wetland scale. Data were obtained from a global meta-analysis of 178 wetlands;
(b) N removal efficiency, 𝝆, calculated as the ratio between N removal and N inputs to the
wetland; (c) N removal rate constant k [T-1] estimated as a function of 𝝆 and empirically
based estimates of wetland residence times, τ [T], assuming that N removal within the
wetland follows first-order kinetics; (d) A strong inverse relationship was found between k
and wetland residence time τ. This relationship between size and N removal rate constants
allows us, in the current work, to more accurately upscale to the continental scale than has
previously been achieved.
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Extended Data Fig. 4 | Costs of wetland restoration. Estimated costs for restoration of a 1hectare wetland in 48 states across the contiguous U.S. on (a) cropland and (b) pastureland.
While construction and maintenance costs are considered to be constant across states, land
rental costs vary by state and by land use. Costs are annualized over a 50-year management
horizon.
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Extended Data Table 1 | N surplus and wetland N removal magnitudes for a subset of nitrate-impacted
watersheds. Note that the estimated wetland N removal rates, normalized by wetland area (kg ha-1 y-1), reported
here are approximately an order of magnitude lower than the measured wetland N removal rates from empirical
meta-analyses (Extended Data Fig. 3). This difference arises because the studied wetlands have higher N inputs
than those typical of many wetlands across the country due to the spatial disconnect between N source areas and
wetland dense regions (Fig. 3). The targeted restoration scenarios presented are for a 10% increase in wetland area
across the U.S. Uncertainty bounds for additional wetland N removal from targeted restoration scenario based on
95% confidence interval from Monte Carlo analysis.

Extended Data Table 2 | Ranges of parameters used in the Monte Carlo simulations of
wetland N removal. Ranges for parameters in Eqs. 3 and 4 are based on 95% confidence
intervals around fitted parameters.3 Range for wetland catchment ratios is obtained from the
geometric standard deviation around a geometric mean based on calculated ratios from more
than 30,000 wetlands.43 Range for the proportion of N surplus reaching wetlands is based on
literature values.2,52
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Appendix B
Supplemental Information for Chapter 4

Introduction
The supporting information here contains Text 1 (Flow-Velocity relationships), Table S1 (results
from sensitivity analysis), and Figure S1 (Exceedance plots of seasonal flow)

Text S1.
Flow measurements were taken at ASREC and converted to average velocity values based on sitespecific flow-stage-velocity relationships (Sassman, 2014). The data showed significantly lower
flows between June and October compared to the rest of the year at ASREC (Figure S1), and thus we
separated the year into the low-flow season (late-June to mid-October) and the high-flow season
(January to late-June and mid-October to December). To ensure numerical stability, we chose to use
the mean velocity for each season rather than having a time-varying velocity component in the model.
Channel flow (Q, ft3/s) as a function of velocity (V, ft/s) is described as (Sassman, 2014):
0.35 < 𝑉 < 1.6:
𝑉 ≥ 1.6:

𝑄 + 22.3
6
𝑄 + 445.6
𝑉=
278
𝑉=
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Table S1. Percent change in estrogen mass in sediment from base case using a 10% perturbation of
parameters

V
D
a
A/As
kd,E2
kd,E1
S
ksed
kE2,MC
kE2,HZ
kE2,HZ
kE1,HZ,F

E2 Mass in Sediment
-10%
+10% Perturbation
Perturbation
-1.70
1.70
-0.05
0.05
-0.42
0.43
9.18
-7.50
-1.05
0.87
0.00
0.00
-0.62
0.57
-0.60
0.55
0.41
-0.40
0.68
-0.67
0.00
0.00
0.00
0.00
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E1 Mass in Sediment
-10%
+10%
Perturbation
Perturbation
-0.66
0.67
-0.05
0.05
0.23
-0.21
11.12
-9.09
0.45
-0.38
-1.22
1.03
-0.66
0.64
-0.66
0.64
0.01
-0.01
-0.41
0.41
0.74
-0.64
0.08
-0.08

Figure S1. Probability of exceedance curve for flow in the (a) stream and (b) tile drain showing
distinct flow regimes in the growing (high-flow) season between July to mid-October and nongrowing (low-flow) season between mid-October to June.
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Appendix C
Repositories for Data and Model Code

Chapter 2 Repository
Nitrogen mass balance data was obtained from the TREND-nitrogen dataset, available through the
PANGAEA Data Publisher. The National Wetlands Inventory dataset was retrieved from the USFWS (fws.gov/wetlands). The Watershed Boundary Dataset used for HUC-8 boundaries was
retrieved from the U.S. Geological Survey website (usgs.gov/core-sciencesystems/ngp/ngtoc/watershed-boundary-dataset). U.S. Geological Survey water quality data were
retrieved from Oelsner, G.P. et al. 2017. “Water-Quality Trends in the Nation’s Rivers and Streams,
1972–2012—Data Preparation, Statistical Methods, and Trend Results.” Scientific Investigations
Report. https://doi.org/10.3133/sir20175006.
The MATLAB software used for the present analysis is available from Mathworks
(https://www.mathworks.com/); R (version 3.5.2) used for geospatial analysis is available from the R
Core Team (https://www.r-project.org/). Code for the estimation of current wetland N removal,
wetland restoration scenarios and cost analysis are available at https://github.com/landscapeecohydrology/optimizing_wetland_restoration_in_nature

Chapter 4 Repository
Datasets for this research can be found in these in-text data citations: Gall et al., 2011, Gall et al.,
2015, Gall et al., 2016. The base code for the model can be found at https://github.com/landscapeecohydrology/stream-hormone-persistence

Note that Chapters 3 and 5 have not been published and do not have a public repository yet. Code and
data can be made available upon request, or with the future published articles.
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